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Abstract 
Risk assessment has become an essential requirement in the EU legislation for controlling the 
production, use and release of chemical substances. The generic risk assessment is described in 
detail in a Technical Guidance Document (TGD). The stated goal of the TGD is to address 
concerns for the potential impact of individual substances on the environment - in particular 
effects on ecosystem structure and function. In this thesis the ecological relevance of the 
standardised methods described in the TGD is explored and the potential impact of combined 
environmental and toxic stress on natural populations of organisms is investigated. Three lines of 
evidence were applied: a critical evaluation of the ecological relevance of the risk assessment 
procedure in the EU, a review of the scientific community’s position with respects to the 
ecological relevance of the procedure, and an ecotoxicological study to investigate the potential 
impact of combined environmental and toxic stressors on the responses of natural populations of 
organisms – aspects that are not included in the TGD because of the simplistic nature of the 
experimental standardisation. 
The analysis shows that the standardised tests of the TDG provide reliable, repeatable and 
reproducible results in relation to very particular testing conditions. These conditions are, 
however, not representative of natural ecosystems and consequently the relationship between 
tests results and the actual risks is highly uncertain. Chronic toxicity tests were performed with 
the marine copepod Acartia tonsa as a model organism to examine how exposure to a model 
toxicant (3,5-dichlorophenol) at different combinations of salinity and temperature influence 
individual life-history traits (e. g. growth, survival, reproduction) and population dynamics. The 
results indicate that toxicological stress interacts with environmental stress factors and produces 
significant effects through this interaction, even under conditions in which effects of the toxicant 
alone cannot be detected. The results of the population growth rate analyses indicate that 
interactions between natural and chemical stressors have the ability to alter the ecological niche 
of a species and potentially the species’ distribution.  
If risk assessment of chemicals is to be improved and ecosystem function and structure 
adequately protected from the numerous chemicals currently in use, it is important to consider 
interactions between chemical- and natural stressors and the modifying influence these may have 
on each other. Further research in this area is recommended and life-cycle experiments and 
demographic analyses would provide a valuable tool for examining the modifying influence of 
natural stress factors on toxicity. Until such research has been done and basic information about 
all the chemicals marketed in the EU has been obtained - possible through REACH - it is 
important that decision-makers make informed decisions taking the limitations and uncertainties 
of the risk assessment procedure into account. The separation of risk assessment and risk 
management should be relaxed allowing risk management decisions to be made at each tier of 
the risk assessment system, thereby ensuring a higher level of protection for the environment. 
 
Resume 
Risikovurdering er blevet et essentielt krav i EUs lovgivning i forbindelse med at kontrollere 
produktionen, brugen og udledningen af kemiske stoffer. Den omfattende risikovurdering er 
beskrevet detaljeret i the Technical Guidance Document (TGD). TGD’ens overordnede mål er, at 
tage højde for individuelle kemiske stoffers potentielle konsekvenser på miljøet – specielt med 
hensyn til effekter på økosystemers struktur og funktion. I dette speciale udforskes den 
økologiske relevans af de standardiserede metoder som er beskrevet i TGD’en og de potentielle 
konsekvenser af kombineret miljømæssigt og toksisk stress på naturlige populationer af 
organismer undersøges. Tre forskellige delundersøgelser blev udført: en kritisk evaluering af den 
økologiske relevans af risikovurderingsproceduren i EU, en gennemgang af de herskende 
videnskabelige holdninger i forhold til den økologiske relevans af disse metoder og et 
økotoksikologisk studie for at undersøge konsekvensen af kombinerede naturlige og 
toksikologiske stressfaktorer på naturlige populationer af organismer – aspekter, der ikke er 
inkluderet i TGD’en grundet de forsimplede og standardiserede forsøgsforhold. 
Analysen viser, at de standardiserede forsøg producerer pålidelige og reproducerbare resultater i 
forhold til nogle meget specifikke forsøgsforhold. Disse forsøgsforhold er dog ikke 
repræsentative for naturlige økosystemer og forholdet mellem forsøgsresultaterne og den reelle 
risiko er derfor meget usikker. Kroniske toksicitets forsøg blev udført med den marine copepod 
Acartia tonsa som modelorganisme for at undersøge, hvorledes eksponering til et modelstof 
(3,5-dichlorophenol) ved forskellige kombinationer af salinitet og temperatur påvirker 
individuelle livskaraktertræk (f.eks. vækst, overlevelse, reproduktion) og populations dynamik. 
Resultaterne af forsøgene indikerer, at toksikologisk stress interagerer med miljømæssigt stress 
og medfører signifikante effekter gennem denne interaktion, selv under forhold hvor effekten af 
det toksiske stof alene ikke kan detekteres. Resultaterne af populationsvækstrate-analysen 
indikerer, at interaktioner mellem naturlige og kemiske stressfaktorer kan ændre en arts 
økologiske niche og potentielt artens udbredelse. 
Hvis risikovurdering af kemikalier skal forbedres og økosystemers struktur og funktion skal 
beskyttes i tilstrækkelig grad fra de talrige kemikalier, der benyttes i dag, er det vigtigt at tage 
interaktioner mellem naturlige og kemiske stressfaktorer i betragtning og dermed også den 
modificerende indflydelse disse kan have på hinanden. Yderligere forskning i dette område 
anbefales og livscyklusforsøg og demografiske analyser vil være nyttige redskaber til, at 
undersøge den modificerende indvirkning af naturlige stressfaktorer på toksicitet. Indtil der er 
gennemført forskning på dette område og der foreligger basale informationer om alle de 
markedsførte kemikalier i EU - evt. gennem REACH - er det vigtigt, at beslutningstagerne 
foretager informerede beslutninger, hvori der tages højde for de forskellige begrænsninger og 
usikkerheder, der er forbundet med risikovurderingsproceduren. Separationen af risikovurdering 
og risikomanagement bør opblødes således, at risikomanagement beslutninger kan tages på alle 
niveauer i risikovurderingssystemet, hvorved der sikres et højere beskyttelsesniveau for miljøet. 
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 1. Introduction 
The vast quantity of technological advances during the 20th century has provided many 
advances for mankind. One of these advances - chemical substances – is now an integrated part of 
all sections in the modern technology-driven society. Chemicals bring about benefits on which 
modern society is entirely dependent, for example, in food production, medicines, textiles, cars etc. 
In addition chemicals make a vital contribution to the economic and social wellbeing of human 
beings in terms of trade and employment. The global production of chemicals has increased from 1 
million tonnes in 1930 to 400 million tonnes today. In the European Union (EU) there are about 
100,000 different chemical substances registered on the market [EC, 2001]. Despite the many 
economical and social benefits afforded by these chemicals their potential to cause harm to the 
environment and human health has emerged as a major policy issue and public concern, especially 
in the last two decades [Bodar et al., 2003; Pratt, 2000; Vermeire & van der Zandt, 1995]. 
Consequently, management frameworks for the control of toxic chemicals have been developed. 
Risk assessment and management have become essential requirements in the EU legislation for 
controlling the production, use and release of chemical substances [EC, 2003a; 2003b]. During the 
last decade growing concerns about the current EU chemicals policy, and its inadequacy in 
providing sufficient protection for human health and environment have surfaced. There is a general 
lack of regulatory action as well as a huge gap in basic knowledge and information concerning the 
majority of the chemicals in use in the EU today [EC, 2001].   
Exposure to thousands of unassessed and unregulated chemicals constitutes a potential threat 
to human health and environment, because environmental pollutants and chemicals continuously 
are emitted from anthropogenic activities in large amounts. These pollutants travel through 
ecosystems by a variety of processes and are eventually degraded or accumulated somewhere in the 
environment or in human beings. The principal objective of assessing the risks of chemicals is to 
provide a reliable basis for deciding on adequate safety measures (risk management) when using 
them. The risk assessment provides an evaluation of whether a chemical used in a particular way 
could cause adverse effects. This encompasses a description of the nature of these effects and a 
calculation of the probability that they will occur, as well as an estimation of their extent [EC, 
2001; 2003a; 2003b].  
The environmental risk assessment procedure involves an exposure assessment, based on 
predictions or measurements of environmental concentrations of toxic chemicals, and an effects 
assessment where the potential for those chemicals to cause harm is assessed [EC, 2003b; Forbes & 
Calow, 2002a; 2002b]. Effects assessment often consists of ecotoxicological observations on 
survival, growth or reproduction in a few individuals in a few or a single species of algae, 
daphnids, and fish in the laboratory. The effect is measured as the response either to acute exposure 
in terms of 50% effect/lethal concentrations - EC/LC50s - or to chronic exposure in terms of no 
observed effect concentrations – NOECs - on reproductive performance or growth rates [EC, 
2003b; Calow et al., 1997; Selck et al., 2002]. For most chemicals the laboratory derived effect 
measures are converted into predicted no effect concentrations (PNEC) for the environment by 
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 applying assessment factors, which are supposed to reflect the degree of uncertainty that must be 
taken into account when extrapolating from the laboratory to whole ecosystems [van Leeuwen, 
1995a]. Based on the predicted or measured environmental concentration (PEC or MEC) and the 
PNEC a hazard or risk quotient (RQ) can be derived as PEC/PNEC [EC, 2003b; Forbes & Calow, 
2002b]. The basic philosophy in the EU environmental risk assessment procedure is to evaluate 
RQs initially using simple data and conservative assumptions. If this crude evaluation shows that 
there is reason to be concerned (RQ>1) refinement of either PEC and/or PNEC may be carried out. 
This is an iterative approach using progressively more elaborate data and correspondingly less 
conservative assumptions. Finally, a conclusion is reached based on the RQ under local and 
regional exposure scenarios [EC, 2003b; Manuilova, 2003].  
The generic risk assessment approach is described in detail in the Technical Guidance 
Document (TGD), which supports the legislation for controlling the production, use and release of 
chemical substances. The TGD is prepared and continuously updated by the European Chemicals 
Bureau (ECB) and the document provides extensive supplementary technical details for conducting 
hazard identification, dose-response assessment, exposure assessment and risk characterisation in 
relation to human health and the environment [EC, 2003A; 2003B]. In the past the TDG only 
included the three inland environmental compartments (aquatic environment, terrestrial 
environment and air). However, as an entire new approach, the 2nd edition of the TGD from 2003 
includes a chapter on how to perform risk assessment for the marine environment [EC, 2003b]. 
This illustrates a significant change in the regulatory approach towards the potential risks of 
chemicals, which traditionally has focused on the freshwater environment as the part of the 
hydrosphere at greatest risk from anthropogenic activities [Hutchinson et al., 1998]. The inclusion 
of the marine environment as a prioritised area in the TGD is a consequence of growing awareness 
of the marine environment’s importance and sensitivity. According to the TGD, the extension of 
the existing risk assessment approaches to cover risks to the marine environment is a logical and 
important development in the establishment of a comprehensive risk assessment methodology. The 
objective of the marine environmental risk assessment is similar to the inland environmental 
assessment, namely to address the concern for the potential impact of individual substances on the 
environment and consequent effects on ecosystem structure and function [EC, 2003b].  
 
1.1 Field of research and research question 
Marine risk assessment should ideally be based on data produced in ecotoxicological tests 
using a range of ecologically relevant marine species (e.g. algae, invertebrates and fish) and 
preferable also covering both pelagic and benthic species. This is particularly important because of 
the greater species diversity in marine environments compared to the freshwater compartment [EC, 
2003b]. Due to the large number of chemicals for which risk assessment is required, and in order to 
enhance international harmonisation in the field of risk assessment procedures and methodologies, 
there is pressure on the process to be rapid and affordable, as well as effective [UN, 1992]. This has 
led to a number of simplifications, for instance data used to carry out risk characterisation should 
be obtained according to standardised EU testing methods, or in accordance with internationally 
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 recognised guidelines [EC, 2003b]. These standards and guidelines give detailed descriptions of 
how experimental work should be conducted in order to assess risks of various chemical 
substances. Experiments are carried out under a standard set of conditions, for instance under a 
constant temperature (20°C ± 2°C), photoperiod (16 h/8 h light/dark), salinity (29‰ -36‰ S) 
and/or pH (8,0 ± 0,3) [DS/ISO 14669, 1999]. The problem is that these standardised conditions do 
not necessarily replicate conditions under which organisms will be exposed in the field, but rather 
what is achievable in the laboratory without too much expense or technical effort. In addition, the 
modifying role environmental factors may play in controlling toxicity and dose-response 
relationships are ignored. The aim of the TGD is to provide a template to ensure uniform, 
harmonised, reproducible procedures in laboratories across the EU. As a consequence of this, 
experiments conducted to provide a dose-response relationship for a given pollutant are carried out 
under standard laboratory conditions, which compared to the natural environment provide an 
oversimplification and possibly an underestimation of both the dose-response relationship and the 
risk. 
The stated goal of the TGD is to address concern for the potential impact of individual 
substances on the environment and consequent effects on ecosystem structure and function [EC, 
2003b]. This raises the question whether this goal is compatible with the procedures for the marine 
environmental risk assessment as outlined in the TGD.   
Based on the above outlined objectives and considerations related to the marine risk 
assessment approach my research questions are as follows: 
 
- How ecologically relevant is the current marine risk assessment of chemicals, and 
in specific, what is the potential impact of combined environmental and toxic 
stress on the response of natural populations of organisms? 
 
- How can it be assured that ecosystem function and structure are adequately 
protected from the vast amount of chemicals? 
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 2. Methodology 
In the following chapter the methodology employed to answer the research questions is 
explained. First, the overall approach is outlined. Second, the approach applied in the evaluation of 
the risk assessment procedure is elaborated. Third, the rationale behind the ecotoxicological study 
is explained including the various choices made when designing the experiments. The literature 
study is shortly explained and finally, the structure of the thesis is outlined. 
 
2.1 Overall approach 
The overall aim of this thesis is to investigate the ecological relevance of the methods 
described in the TGD and further to assess the potential impact of combined environmental and 
toxic stress on natural populations of organisms. Additionally, it is investigated which changes of 
the current risk assessment procedure that are necessary in order to protect ecosystem structure and 
function adequately.  
In summary I have chosen to do this by the following approach:  
(i) A general evaluation of the risk assessment procedure in the EU, where the current 
and future legislative frameworks are shortly presented. This leads to a thorough 
examination of the risk assessment procedures for the marine environment as 
outlined in the TGD. This was done in order to gain knowledge of the technical 
procedures and aspects herein that may contradict its stated goal, which is to protect 
ecosystem structure and function. The focus of this thesis is on the environmental 
risk assessment in general and specifically on the marine effects assessment. The 
rationale behind this is that the marine effects assessment is a new addition to the 
TGD and that certain aspects of the effects assessment can be investigated 
experimentally. By analysing the procedure for the environmental effects assessment 
of the marine environment in the TGD various aspects that must be regarded as 
questionable in relation to making ecologically relevant predictions can be identified. 
The identified aspects include both scientific obstacles and risk management 
obstacles. 
(ii) A review of the scientific literature was performed in order to illuminate some of the 
problematic issues of the TGD and the scientific community’s position with respect 
to these. The TGD is discussed heavily both in the regulatory context and in the 
scientific community. Some scholars/scientists support the procedures and 
methodologies whereas others oppose it. The main features receiving attention are 
extrapolation procedures from static laboratory, acute single-species experiments to 
making whole ecosystem and field predictions. In other words, the debate revolves 
around the question of whether these procedures provide an ecologically meaningful 
evaluation of the risk, which serves to protect ecosystem function and structure? 
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 Through the literature review and examination of the risk assessment procedures it 
can be verified which aspects of the TGD that are debated and/or controversial. 
(iii) A case study in the form of an ecotoxicological experimental study where some of 
the simplistic assumptions of the TGD were evaluated. The purpose of this was to 
gain practical “hands-on” insight into the strengths and limitations of the TGD, 
which can be hard to obtain through a literature study, and to provide new empirical 
insight into a topic, which needs investigation. The ecotoxicological study was done 
in order to shed light on the potential impact of combined environmental and toxic 
stressors on the response of natural populations of organisms – aspects that are not 
included in the TGD because of the simplistic nature of the experimental 
standardisation. The objective of the experiments was to investigate the combined 
effect of toxic and environmental stress in form of changes in salinity and 
temperature on a representative marine organism, with the intention of predicting the 
effect on the species’ ecological niche. 
 
These three lines of evidence are united in a collective discussion and an evaluation of the 
procedures of the TGD is conducted. The identified problematic aspects of the TGD are held up 
against scientific evaluations and the findings of the ecotoxicological study in order to obtain a 
common conclusion regarding the consequences of these aspects with regard to an ecologically 
relevant assessment of risk. Furthermore, possible obstacles in the EU risk management approach 
that could prevent effective management of chemicals are evaluated and possible improvements 
suggested. 
 
2.2 Evaluation of the risk assessment procedure 
The evaluation of the risk assessment procedure is divided in two interconnected parts. In the 
first part, the overall legislative framework of the EU risk assessment and management of 
chemicals were evaluated in order to put risk assessment into a broader societal context. The 
evaluation was performed by examining the regulations and directives that form the basis of the 
current risk assessment of chemicals. The possible risk assessment conclusions and consequent risk 
reducing strategies and measurements were investigated. This was done in order to illustrate how 
the scientific risk assessments, carried out according to the TGD, are performed and used in the 
regulatory context. In addition, it serves in illustrating how the TGD is applied as an instrument in 
order to obtain scientific legitimacy in the risk analysis procedure. Based on this evaluation 
possible pitfalls and obstacles in the EU risk management approach impeding effective 
management of chemicals were identified. 
In the second part, the procedures and methods of the TGD - with focus on the environmental 
effects assessment of the marine compartment - were evaluated with the goal of identifying the 
ecological relevance of these. In order to derive at this goal the procedures were systematically 
considered in connection with literature on the subject. By this approach it became possible to 
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 identify technical founded aspects of the methods described in the TGD that may be in 
contradiction to the goal of the TGD of protecting ecosystem structure and function.  
  
2.3 The ecotoxicological study 
In the following the rationale behind the experimental design will be explained. Firstly, the 
development and life-cycle experiment is presented in general terms and then the single decisions 
regarding the experimental setup are explained. This is done in the following order; life-cycle test 
as choice of bioassay, multiple stress as modifying factor, Acartia tonsa as model organism, 3,5-
dichlorophenol as model toxicant, culture of the model organism, and finally, the pilot experiments 
are shortly explained. The experimental method of the ecotoxicological study is presented in 
chapter 5.1. 
 
2.3.1 Development and life-cycle test with A. tonsa 
Based on the examination of the TGD, specific scientific or technical points of critique were 
identified. Two of these points were evaluated in the ecotoxicological study, namely the 
extrapolation from laboratory to field and from individual level responses to population responses. 
In order to evaluate the potential impact of combined environmental and anthropogenic stressors on 
the response of natural populations of organisms, toxicological experiments were performed under 
various combinations of environmental conditions.  
The objective of the experiments was to investigate: 
(i) the combined effect of toxic and environmental stress on a representative marine 
organism, with the intention of predicting the effect on the species’ ecological niche;  
(ii) the difference in individual level and population level effect-parameters by 
performing a chronic life-cycle experiment yielding individual level responses at 
different life-stages, which subsequently are integrated analytically into a population 
level response (population growth rate, λ).  
 
In order to assess the effect of the combined stress on natural populations, the widely 
distributed and ecologically important marine copepod Acartia tonsa was chosen as a 
representative marine species. The toxicological experiments were conducted with the reference 
compound 3,5-dichlorophenol. The experimental conditions were combinations of the temperatures 
12°C, 17°C and 22°C and the salinities 15‰, 25‰ and 32‰ S. These conditions are all within the 
survival range of the species, but some variability in organism performance (e.g. growth, 
development, reproduction) was expected under the different combinations. In all, I tested 18 
environmental treatments (9 sets of environmental conditions, with/without toxicant) and recorded 
the responses of individual life-history traits and integrated these into a measure of population 
growth rate (i.e., the factor by which population size increases per time unit). 
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 In the following, the arguments behind the various decisions regarding the experimental 
design are presented.  
 
Life-cycle test as choice of bioassay  
Emphasis was put on chronic, long-term experiments because a full evaluation of the 
ecological effects of chemical contaminants requires a consideration of long-term toxic effects on 
demographic responses of sensitive life-stages of representative species. Although the effects of 
toxicants can be studied at all organisational levels, from the molecular/biochemical to the 
community/ecosystem level, the ecological targets of protection for environmental risk assessment 
are populations, communities and ecosystems [Levin et al., 1996]. In this context population 
growth rate provides a powerful summary statistic for assessing impacts at the population level 
[Sibly & Hone, 2002]. On the basis of a review of the ecotoxicological literature, Forbes and 
Calow (1999) concluded that population growth rate is a better measure of responses to toxicants 
than individual-level effects. The reason is that population growth rate integrates potentially 
complex interaction among life-history traits such as stage-specific survival, development time and 
reproductive output, and provides a more relevant measure of ecological impact. The population 
growth rate is also a substitute measure for the population’s ecological niche (i.e., that combination 
of environmental conditions in “niche space” where the population is increasing; λ > 1.0) [Sibly & 
Hone, 2002]. By measuring effects on population growth rate it thereby becomes possible to 
evaluate the extent to which exposure to toxic chemicals may alter the ecological niche of a 
species, and consequently the response of natural populations of organisms. 
The effect of chronic low dose toxic stress, at different salinities and temperatures were 
examined in order to reveal if the organism’s ecological niche, with the axes of temperature and 
salinity, would be reduced, displaced or in other ways changed by the combined effect of toxic 
stress and natural stress factors. The goal of the study was to discover what the impact of combined 
toxic and environmental stress is on natural populations of organisms, and consequently whether 
natural populations are adequately protected by standardised ecotoxicological test methods.  
 
Multiple stress as modifying factor 
Toxicity values determined under fixed (or single) temperature and salinity regimes are 
potentially inappropriate for evaluating the effect of toxicants in natural ecosystems because the 
modifying role of environmental factors is ignored [McLusky et al., 1986]. Aquatic organisms in 
natural waters are exposed to a wide range of natural stress factors of physical (i.e. temperature, 
salinity, and so forth), chemical, and biotic (food availability, competition, predation) origin. The 
interaction of these natural stress factors and anthropogenic stress factors like toxicants on the 
population level of aquatic species is still a relatively unexplored area [Folt et al., 1999; Heugens et 
al., 2006]. In this thesis the term multiple stress factors refers to situations where an organism is 
exposed both to a toxicant and to stressful environmental conditions, such as suboptimal 
temperature and salinity. The principal environmental factors that may affect the inhabitants of 
estuaries and marine waters are temperature and salinity [Forbes, 1991]. Furthermore, these two 
factors could play a modifying role in influencing the toxicity of chemicals to marine organisms. 
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 Although a substantial amount of literature is available concerning the distinct effect of 
temperature and salinity, less information is available concerning the joint effect of the two factors 
and next to none concerning the joint effect in addition to chemical stress. Effects of environmental 
stressors of anthropogenic origin are usually tested individually and under one set of standard 
conditions, but in nature organisms are exposed to several stressors simultaneously under various 
environmental conditions [Folt et al., 1999].  
Consequently, the objective of the experiment was to investigate the combined effect of toxic 
and environmental stress on the marine invertebrate A. tonsa. The ranges of the experimental 
conditions were based on information concerning the ecology and biology of A. tonsa since it was 
important to be within the survival ranges of the organism. The ranges of experimental 
temperatures and salinities were from 12-22°C and 15-32‰ S, thereby covering both optimal and 
suboptimal conditions for the model organism, which may occur in the natural environment.   
 
A. tonsa as model organism 
Copepods form important links in marine food chains, and their ubiquitous distribution and 
small size suggest them as a choice for bioassay organisms in pollution studies. Copepods are 
representatives of zooplankton – 70% of the biomass of the oceans – and have a very short life-
cycle [Forget et al., 1998]. The calanoid copepod A. tonsa was chosen because it represents a 
copepod genus characteristic of inshore warm-temperate to tropical waters which, by virtue of high 
biomass and rapid generation times may be assumed to be one of the most important groups in 
terms of total world production [Leandro et al., 2006; Reeve & Walter, 1977]. In the European 
marine waters, A. tonsa is a common and often dominating organism [Kusk & Petersen, 1997], and 
could be considered a key species in the flux of matter and energy from low to higher trophic 
levels. 
The reason why A. tonsa is so widely distributed in the oceans and estuaries of the world is its 
high tolerance and adaptation capability. A. tonsa is able to tolerate temperatures ranging from –1 
to 32°C [Gonzales, 1974]. Commonly A. tonsa is found in salinities ranging from 5‰ S [Cervetto, 
1999] to 30‰ S [Lance, 1963; Brylinsky, 1981; Gaedke, 1990]. Furthermore it has been shown to 
tolerate 0‰ S [Cervetto et al., 1999; Cronin et al., 1962] and even survive at 72‰ S [Cervetto et 
al., 1999].  
A. tonsa is currently being used as a test species to assess environmental hazards in the 
marine environment [DS/ISO 14669, 1999; Kusk & Wollenberger, 2005; Medina et al., 2002; 
Sosnowski & Gentile, 1978; Ward, 1979; Ward, 1995]. A. tonsa is well suited for chronic toxicity 
testing because of its small size and short life span. The small size means that relatively small 
volumes of test media are necessary, and its short life span permits multiple generations to be 
tested in a short time. A. tonsa is furthermore reported to be easily propagated under laboratory 
conditions, which means that large numbers of age-standardised organisms can be available [Ward, 
1979].  
In their development A. tonsa experience several molts and one metamorphosis from the 
naupliar morphology into the copepodite morphology. Consequently, the juveniles are 
morphologically different from the adults [Andersen et al., 2001]. Development from the egg to the 
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 adult stage involves a progression through six stages of nauplius larvae (N1-N6) and five stages of 
copepodites (C1-C5) [Gilbert & Williamson, 1983; Kusk & Petersen, 1997]. A. tonsa reproduce 
sexually. The time from egg to maturity depends primarily upon environmental temperature and 
can take from one to several weeks [Gilbert & Williamson, 1983]. Despite the existence of 
different procedures for assessing acute responses of Acartia individuals [Bushong et al., 1990; 
DS/ISO 14669, 1999; Kusk & Petersen, 1997; Sosnowski and Gentile, 1978; Toudal & Riisgårds, 
1987; U’ren, 1983; Ward 1995] all usual tests are performed with randomly selected adults 
assuming a sex ratio of 1:1. This may be unsatisfactory if early life-stages of copepods are 
particularly sensitive to environmental changes due to the many critical events (i.e. molting) that 
take place in a short period of time [Forget et al., 1998] and because males and females may 
respond differently to toxic stresses [Lance, 1964; Mauchline, 1998; Medina et al., 2002; Parrish & 
Wilson, 1978].  
A new OECD guideline for the testing of chemicals has been underway for some time; “The 
Calanoid copepod development and reproduction test with Acartia tonsa” [Kusk & Wollenberger, 
2005]. This is a guideline for a life-cycle test with A. tonsa, which served as a template for the 
construction of the development and life-cycle experiment conducted in the ecotoxicological study 
of this thesis. The importance of invertebrate life tables in assessing pollution has been emphasized 
by several authors, see for instance Schindler (1987) who regarded them as the most sensitive early 
indicators of stress in ecosystems. The egg production rate of copepods has been found to be a 
sensitive short-term indicator of sublethal effects with obvious ecological significance, although 
limited to adults. The importance of life-cycle toxicity tests to determine the effects of pollutants 
both on egg production and survival in all life-stages is well known, especially if the goal is to 
ensure that the most sensitive developmental stage is covered. To my knowledge, no studies on 
sublethal toxic effects on egg production, development, or growth considered in addition to natural 
stress parameters such as temperature and salinity have been performed on marine copepods. 
 
3,5-dichlorophenol as model compound  
3,5-dichlorophenol (3,5-DCP) is used as a reference compound for acute toxicity by different 
guidelines for determining toxicity to fish, crustaceans, and algae [Andersen et al., 2001] and is 
also the recommended reference compound for determining acute lethal toxicity to marine 
copepods in DS/ISO 14669 (1999) “Water quality – Determination of acute lethal toxicity to 
marine copepods (Copepoda, Crustacea)”. The advantage of using a reference compound is that it 
is possible to verify the sensitivity of the strain of copepods used and the strict application of the 
test procedure. In other words, if the results of the LC50 test deviate from the range given in the 
DS/ISO-guideline the conclusion must either be that the copepods used are not representative for 
its species and may suffer from laboratory artefacts or that the experiment was not carried out 
properly and according to test procedure.  
When life-table experiments are used as part of environmental risk assessment, 
concentrations below LC50 and LC10 should be tested to reveal if the substance is harmful in 
sublethal concentrations [Bechmann, 1994] Given the difficulties of studying an ecosystem, the 
most effective way to predict environmental effects is, according to McLusky et al. (1986), likely 
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 to be by discerning the least exposure that produces an effect (somewhere between LOEC - the 
lowest observed effect concentration - and NOEC) in individual organisms and then examining the 
extent to which different environmental conditions alter this minimum exposure. Consequently, the 
reference compound 3,5-dichlorophenol is used as the model toxicant and the exposure level was 
chosen based on an acute toxicity test in order to derive a exposure concentration equivalent to a 
LOEC.  
 
Culture of model organism  
In order to perform the ecotoxicological study a culture of the model organism A. tonsa was 
reared at Roskilde University. Considerable unexplainable problems and challenges were 
encountered throughout the process. Continuous crashes of the culture delayed the process 
considerably. Furthermore, when it finally was possible to keep the culture alive it was discovered 
that it consisted of severely non-thriving organisms with lowered egg production and hatching 
success, and therefore unfit for ecotoxicological experiments. Attempts were made to discover the 
origin of these problems: the water, materials, feeding stock etc. were all examined but without 
final identification of the problems. When the culture was moved to a different temperature-
controlled room it began to thrive and both egg production and hatching success increased to a 
reasonable level. It has taken a prolonged period of hard - and at times frustrating - work with the 
culture to be able to finalise the ecotoxicological study. Culturing conditions of A. tonsa and its 
feeding stock Rhodomonas salina can be found in appendix 1 and 2, respectively. 
 
Pilot experiments 
Initially, different pilot experiments were performed in order to determine the exposure 
regime, and various experimental conditions to be applied in the life-cycle experiment. These 
included an acute toxicity test of A. tonsa following DS/ISO 14669 (1999). The purpose of this 
study was to determine the sensitivity of the specific strain of copepods and the exposure level, 
which should be used in the chronic life-cycle experiment. Two other pilot experiments were 
conducted in order to determine the salinity tolerance of A. tonsa, and the exposure-volume’s 
interference on egg production of A. tonsa. Based on these experiments the experimental salinity 
range were decided upon, and the exposure-volume and vessels (100 ml glass beakers) chosen. In 
addition, attempts were made to extract 3,5-DCP from water samples by various procedures in 
order to measure the concentration of the test substance on GC-MS. However, it was not possible 
to obtain or develop a method for extracting the substance from water samples yielding sufficiently 
precise results. Consequently, these were measured elsewhere by Eurofins, Denmark A/S.  
 
2.4 Literature study 
A literature study with the aim of gathering all relevant information about the EU risk 
assessment process, the TGD and other pertinent issues was conducted. This includes regulatory 
documents and other risk management materials, ecological theory concerning concepts such as 
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 ecological niche and population growth rate, the response of aquatic organisms towards multiple 
environmental stress factors, demographic analyses, aspects of the biology and ecology of A. tonsa, 
data concerning 3,5-dichlorophenol, etc. The literature search was conducted through Roskilde 
University’s library, and relevant search engines on the Internet. The aim was to gain insight into 
these issues and provide a solid knowledge base when attempting to answer the research questions. 
 
2.5 Structure of the thesis 
First, the risk assessment procedures and approaches are outlined in chapter 3. This includes a 
more general introduction to the EU’s legislative and regulatory base concerning risk assessment of 
chemicals. The provisions of risk assessment as outlined in the TGD are also presented with special 
emphasis on the risk assessment of the marine environment. Finally, aspects of the regulatory 
framework and the management of chemicals in the EU that are problematic are highlighted. 
Emphasis is put on aspects of the technical foundation of the marine effects assessment identified 
as being problematic or in contrast to obtaining an ecologically relevant risk assessment. 
Second, ecological theory introducing and evaluating the concepts of the ecological niche and 
population growth rate with the perspective of providing ecologically relevant experimental results 
are presented in chapter 4. The concept of environmental stressors’ effect upon response patterns is 
described.  
Third, the ecotoxicological study is presented in chapter 5. The experimental approach 
applied in the ecotoxicological study is outlined, followed by a description of the demographic 
analysis applied to the experimental life-table data.  As the core of this chapter, the results of the 
ecotoxicological study are presented, following which the results are discussed in the context of 
relevant ecotoxicological theory.  
Finally, in chapter 6, all three lines of evidence in the thesis are collected in a joint discussion 
of the applicability of the TGD and the ecological relevance of results obtained through it.  
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 3. Risk assessment and the TGD 
The purpose of this chapter is to introduce the reader to the environmental risk assessment 
approach and procedure in the EU. The goal is to identify aspects of the environmental risk 
assessment of the marine compartment that may be in opposition to the stated goal of the TGD, 
which is to protect ecosystem function and structure. 
In the first paragraph the process of risk analysis in the EU is presented. The current and 
future risk management of chemicals, the legislative framework and the Technical Guidance 
Document (TGD) supporting the legislation is introduced. A comprehensive description of the 
contents of the TGD, especially the environmental risk assessment of the marine compartment is 
the core of the chapter. The chapter is finalised by the identification of possible obstacles both 
generally within the risk assessment and risk management procedure in the EU, and more 
specifically in the TGD’s marine effects assessment related to obtaining ecologically relevant 
measures of risk to the marine environment.  
 
3.1 Risk analysis in the EU 
In the EU, risk analysis is a process consisting of three interconnected components: risk 
assessment, risk management, and risk communication [Regulation 178/2002]. Risk assessment 
and risk management are closely related, but considered to be two separate processes in the EU.  
Risk assessment is supposed to be the objective scientific part of the process consisting of the 
four elements: hazard identification, dose-response assessment, exposure assessment, and risk 
characterisation. Whereas risk management is a process where policy alternatives are weighed 
against each other in consultation with interested parties considering the conclusions of the risk 
assessment and other legitimate factors. This can lead to appropriate prevention, control or risk 
reducing measures if these are considered necessary [Regulation 178/2002].  
Risk management involves using a combination of socio-political and scientific judgements 
to decide how much risk society is willing to accept and what measures should be applied in order 
to reduce the risk [Calow, 1998]. According to the EU, application of the precautionary principle 
can be relevant in the risk management phase under specific circumstances [Regulation 178/2002]. 
There is no definition of the precautionary principle in the EU legislation, but in the Rio 
Declaration’s principle 15 it is stated: “In order to protect the environment, the precautionary 
approach shall be widely applied by States according to their capabilities. Where there are threats 
of serious or irreversible damage, lack of full scientific certainty shall not be used as a reason for 
postponing cost-effective measures to prevent environmental degradation” [UNEP, 1992 principle 
15]. In the EU, this should be manifested in the risk management process and the precautionary 
principle can for instance be applied if risk managers have identified reasons for concern that an 
unacceptable level of risk to the environment exists, but the supporting information and data are 
not sufficiently complete to enable a comprehensive risk assessment. Under such circumstances, 
decision makers or risk managers, may take measures or other actions to protect the environment 
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 based on the precautionary principle, while seeking more complete scientific and other data. Such 
measures have to comply with the general principles of risk management, which means that the 
decision to apply the precautionary principle should include additional considerations as to 
proportionality, non-discrimination, consistency, and the decision has to include an examination of 
potential benefits and costs of action and lack of action [Regulation 178/2002]. The decision should 
furthermore be subject to review in the light of new scientific development [EC, 2000] and should 
be considered as provisional until such time that more comprehensive information concerning the 
risk can be gathered and analysed [Regulation 178/2002]. 
The third part of risk analysis is risk communication, which is an interactive exchange of 
information and opinions throughout the risk analysis process among risk assessors, risk managers, 
the public, industry, non-governmental organisations, the academic community and other interested 
parties. The subject of communication may be: hazards and risks, risk related factors and risk 
perceptions, explanation of risk assessment findings, and the basis of risk management decisions 
[Regulation 178/2002]. A schematic presentation of the interconnected components of risk analysis 
is depicted in figure 3.1. 
 
 
Figure 3.1. The three interconnected components of risk analysis; risk assessment, risk management, and risk 
communication. Adapted from EC (2004). 
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The division in science (risk assessment) and policy (risk management) is not as clear-cut as 
it may sound. Science and policy are often entwined making a separation difficult if not impossible. 
Under the current decision-making approaches, science is considered to be rational, value-neutral 
and objective - an independent judgement. However, according to Tickner (2001), several models 
considering the role of science in regulatory policy recognise that decision-making regarding 
hazards in the face of uncertainty are a complicated, value-laden and highly controversial process. 
Furthermore, even before carrying out the risk assessment a number of management decisions 
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 ought to be made. For instance deciding upon protection goals is crucial because it determines how 
effects and exposures are to be measured. This involves both scientific issues (e.g. defining natural 
ecosystems) and socio-political issues (e.g. defining what society values in the environment and 
therefore wishes to protect) [Calow, 1998]. Management decisions involving a combination of 
scientific and socio-political judgements influence the assessment procedures and this makes the 
theoretical clear-cut division between risk management and risk assessment blurry in reality. 
 
3.2 Current and future risk management of chemicals 
The incentive for adopting risk assessment as a fundamental component of environmental 
decision-making is to introduce a scientific legitimacy in the decision-making process [Krayer von 
Krauss, 2005]. The purpose of the environmental risk assessment is consequently, to contribute to 
the protection and management of the environment through scientifically credible evaluation of the 
ecological effects of human activities [Suter & Barnthouse, 1993]. Risk assessment has become an 
essential requirement in the EU legislation for controlling the production, use and release of 
chemical substances. The growing recognition of the field of risk assessment of chemicals has led 
to various regulations being issued by the EU where risk assessment plays a crucial part as decision 
support [van Leeuwen, 1995a]. Legislation on the subject has been in place since 1967 when it was 
recognised that provisions relating to the classification, packaging and labelling of substances on 
the market, in particular dangerous industrial chemicals, should be harmonised throughout the 
European Communities in order to eliminate barriers to trade, which national provisions in the 
Member States could represent. Since then, various legislative instruments have been established in 
the community with the goal of achieving and maintaining a high level of protection of human 
health and the environment in the context of the international market. However, it was not until 
1979 that environmental protection requirements were introduced into existing legislation. The EU 
directives and regulations are continuously amended and adapted to technical progress as scientific 
knowledge in the field is growing [EC, 1998].   
 
3.2.1 New substances, existing substances and biocidal substances 
Within the EU regulatory framework a distinction is made between new substances and 
existing substances as well as biocidal products. When examining the EU risk assessment of 
chemicals in the context of this thesis, focus is primarily on efforts to control industrial chemicals 
and not biocidal products.  The regulation of biocidal products has generally occurred separately 
from chemicals regulation, because biocidal substances are developed in order to be toxic towards 
target organisms. On the other hand industrial chemical substances are designed to aid in some 
particular processes, and potential toxic capabilities of these are not intentionally but a 
consequence of the lack of full comprehension of the complex world we live in. Thus, the 
chemicals policy debate in Europe has for the most part focused on industrial chemicals [Geiser & 
Tickner, 2003].  
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 New substances 
New substances are defined as chemical substances, which were not on the market within the 
EU at any time in the 10 years prior to 18 September 1981 and for that reason are not listed in the 
European inventory of existing commercial chemical substances (EINECS). The new substances 
are handled according to Directive 67/548/EEC on classification, packaging and labelling of 
dangerous substances and Directive 93/67/EEC on risk assessment for new notified substances 
[EC, 2003a; Vermeire & van der Zandt, 1995]. According to these directives, producers or 
importers of all new substances, intended for manufacturing or marketing in the EU, have to notify 
to the competent authority in one of the Member States. In most Member States, the competent 
authority in this connection would be the environmental protection agency. The pre-marketing 
notification must be accompanied by a technical dossier containing data regarding the identity, 
production, use and properties of the substance, and toxicological and ecotoxicological assays. The 
extent of the data depends on the intended production or imported volume. Proposals for 
classification and labelling should also be submitted, including recommended precautions relating 
to safety, and a risk assessment should be drafted. The manufacturers and importers have the 
responsibility for submitting the technical dossier to the local competent authority prior to 
marketing [Council Directive 793/93; Geiser & Tickner, 2003; Vermeire & van der Zandt, 1995]. 
The dossiers are evaluated by the competent authority and forwarded to ECB.  
The risk assessment of new substances indicates one of the following conclusions: 
(i) The substance is of no immediate concern and need not be considered again until 
further information is made available; 
(ii) The substance is of concern and the competent authority shall decide what further 
information is required for revision of the assessment but shall defer a request for 
that information until the quantity placed on the market reaches the next tonnage 
threshold; 
(iii) The substance is of concern and further information shall be requested immediately; 
(iv) The substance is of concern and the competent authority shall immediately make 
recommendations for risk reduction [Council Regulation 793/93; EC, 2003a]. 
When the risk assessment indicates conclusion (ii) - (iv) the competent authority shall inform 
the manufacturer of its conclusion and the manufacturer consequently has the opportunity to 
comment on the conclusion or provide additional information. The competent authority should use 
any relevant information to revise the risk assessment before sending it to the Commission 
[Council Regulation 793/93]. When the Commission has received the risk assessment, it forwards 
copies to all Member States. Member States are then given the opportunity to comment on the risk 
assessment, suggesting further testing, information or a modification of the assessment. Generally, 
an agreement is reached giving recommendation on the classification, packaging and labelling of 
the substance in question [Council Directive 92/32/EEC].  
Since 1981 more than 6800 notifications in total, representing more than 4300 substances, 
have been submitted. And since the adoption of the 7th amendment to Council Directive 
67/548/EEC (Council Directive 92/32/EEC), in April 1992, more than 1000 notifications have been 
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 submitted with a completed risk assessment report. Of these, 52% were of no immediate concern 
and were assigned conclusion (i), 26% received conclusion (ii), and 11% conclusion (iii). In about 
11% of the cases, conclusion (iv) was reached and the competent authority considered the 
substance of concern and risk reducing measures were required. The proposed measures covered a 
wide range of quite different regulatory actions. The less restrictive measures include requirements 
of modifications to the classification and labelling of the substance, the safety data sheet or to the 
recommended methods or precautions. Some substances were withdrawn from the market by the 
notifier through a voluntary agreement, and for a number of substances restrictions marketing and 
use were imposed [ECB, 2006b]. 
 
Existing substances 
Existing substances are defined as those that were on the EU market at any time in the 10 
years prior to 18 September 1981 and are listed in EINECS. The EINECS contains more than 
100,000 substances [Vermeire & van der Zandt, 1995]. Estimates indicate that between 30,000 and 
70,000 chemically substances are commercially offered on the European market [Rudén & 
Hansson, 2006]. Existing substances are handled according to Commission Regulation 1488/94 on 
risk assessment for existing substances and Council Regulation 793/93 on the evaluation and 
control of the environmental risks of existing substances [EC, 2003a; Vermeire & van der Zandt, 
1995].  
Because of the vast amount of existing chemicals, the EU considered it impossible to collect 
information and evaluate the risk of them all. Council Regulation 793/93 therefore makes a 
distinction based on production or importing volume. There is a systematic approach for substances 
produced or imported in quantities exceeding 10 tonnes per year whereas risk evaluation and 
collection of information for smaller volume substances are carried out on a case-by-case basis 
[Council Regulation 793/93].  Council Regulation 793/93 concerns the data gathering, priority 
setting, risk assessment and proposals for the risk management of EINECS substances that are 
produced or imported in quantities exceeding 10 tonnes per year. Since 1994, four lists of priority 
substances have been drawn up and subsequent risk assessments have been conducted by the 
European Member States [Bodar et al., 2003].  The priority existing substances are substances the 
European Commission deems as requiring immediate attention because of their potential adverse 
effects to human health or the environment [Council Regulation 793/93].  
The chemical producers and importers are responsible for the data gathering, but are not 
responsible for drafting of a risk assessment. The risk assessment follows the framework set out in 
Commission Regulation 1488/94 and implemented in the TGD. One Member State is assigned the 
responsibility for each substance on the priority list. The first draft of the risk assessment reports 
are written by the Member States which act as "rapporteurs" i.e. carry out the risk assessment 
[Council Regulation 793/93; Commission Regulation 1488/94; ECB, 2006b; Vermeire & van der 
Zandt, 1995].  
Every risk assessment within the framework of Regulation 793/93 (priority existing 
substances) formally ends up with one of the following conclusions for each of the various 
protection goals: 
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 (i) there is need for further information and/or testing; 
(ii) there is at present no need for further information and/or testing or for risk                 
reduction measures beyond those which are being applied; 
(iii) there is a need for limiting the risks: risk reduction measures which are already being 
applied shall be taken into account [Commission Regulation 1488/94; Bodar et al., 
2003]. 
In cases where conclusion (iii) is reached a risk reduction strategy must be developed.  
After the adoption of Council Regulation 793/93 a system had to be established to facilitate 
the risk assessment process of the selected EU priority chemicals. As a consequence, an open, 
(semi) scientific communication structure was crystallised in the form of so-called technical 
meetings with all parties involved, i.e. Member States, industry, the Commission and non 
governmental organisations (NGOs) - industry and NGOs in the role of observers [Bodar et al., 
2003]. When the rapporteur has finished the draft risk assessment, the Commission mediates a 
meeting, at which the parties attempt to reach consensus on the conclusions of the risk assessments 
[Council Regulation 793/93]. A committee composed of representatives of the Member States and 
chaired by a representative of the Commission assists the Commission. The results of the risk 
assessment and recommended risk reducing strategy are adopted at Community level by obtaining 
agreement between the committee and the representative of the Commission and are afterwards 
published by the Commission in the Official Journal of the European Union (OJ) [Council 
Regulation 793/93; ECB, 2006b; Vermeire & van der Zandt, 1995].  
The European Commission is the administrative decision-making body of the EU.  It is 
organized into 24 Directorates General (DGs) responsible for various policy areas and initiates all 
European legislative proposals.  Responsibility for current and proposed chemicals legislation is 
shared between DG Enterprise and DG Environment. The implementation of risk reduction 
strategies is managed by DG Environment [pc. Pakalin, 2006]. DG Environment develops a risk 
reducing strategy, which then is implemented in the relevant Community and/or national 
framework. The elaboration of such a strategy is done in accordance with the Technical Guidance 
Documents on Risk Reduction [ECB, 2006b]. The document outlines possible risk reduction 
measures, implementing instruments and criteria for selecting the most appropriate approach. A 
risk reduction strategy might involve restrictions on marketing and use of dangerous substances 
and preparations or other relevant existing Community instruments. Also other tools for risk 
reduction may be used, such as voluntary agreements or economic instruments. With regard to 
regulatory control through other relevant existing Community instruments, many directives are 
available as tools for the reduction of risks posed by chemicals [DG Environment, 2006]. Council 
Directive 76/769/EEC on restrictions on the marketing and use of certain dangerous substances and 
preparations (also known as the limitations directive) establishes harmonised rules to remove 
obstacles to trade within the EU arising from individual Member States’ regulations. Restrictions 
under Council Directive 76/769/EEC generally take the form of controlled use, meaning that the 
substance is restricted for particular uses only. In a minority of cases a ban is issued (e.g. the two 
brominated flame retardants penta- and octabromodiphenyl ether) [EC, 1998]. Directive 
76/769/EEC has so far been amended 29 times, each time including the recommendation of risk 
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 reducing strategies for additional assessed substances. The risk assessment and risk management 
process for the existing substances is illustrated in figure 3.2. 
 
 
Figure 3.2. Risk assessment of priority existing substances. The process from the priority lists are drawn to the risk 
reducing strategy is recommended. Adapted from EC (1998). 
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As can be seen, risk assessment is a lengthy process, and until now there has been carried out 
draft risk assessments on 131 out of 141 priority substances since 1993. Scientific and technical 
discussions have been finalised and conclusions agreed for both human health and the environment 
for 71 of the 131 priority substances with an additional 17 substances finalised for the environment 
and 19 for human health. Sixteen have been assessed for the environment part only and one for the 
human health part only. The conclusions are divided into the three conclusion categories as 
follows; 58 substances need risk reducing measures, for 2 substances further information is needed 
before a final conclusion can be reached, and for 11 substances there is no need for further 
information and/or testing or risk reduction measures beyond those which are already applied. The 
actual results of the whole evaluation under Council Regulation 793/93 have been published for 39 
substances out of which, 29 needed further risk reduction [ECB, 2006a]. The progress of this 
evaluation programme has been heavily criticised, especially by policy makers and NGOs. 
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 According to Bodar et al. (2003), the suitability of this critique depends on how the process is 
perceived. From the viewpoint of reaching the Agenda 21 goal it is unsatisfactory. The Agenda 21 
goal, set at the United Nations Conference on Environment and Development (UNCED) in Rio de 
Janeiro in 1992, is to address the numerous chemicals rapidly [UN, 1992]. However, Bodar et al. 
(2003) claims, that from a scientific viewpoint much has been achieved, and the batch of finalised 
risk assessments can form the foundation for a general evaluation. Based on this evaluation, 
important lessons can be learned both for risk assessors and policy makers, especially in connection 
with the ongoing discussion of the new chemicals policy [Bodar et al., 2003]. 
 
3.2.2 The future chemicals policy 
Since 1998 there has been an increasing concern that the current EU chemicals policy does 
not provide sufficient protection and that, although regulated, legislative action takes too long 
before yielding a result [EC, 2001]. Little to no information exists on the toxicology, health effects, 
or exposures for the vast majority of the chemicals used in the EU today.  A proposal for a new EU 
regulatory framework for Registration, Evaluation and Authorisation of Chemicals (REACH) has 
been in the works for a long time. The proposal is now being considered by the European 
Parliament and the Council of Ministers for adoption under the so-called co-decision procedure and 
is expected to come into force in 2007 [ECB, 2006b]. The aim of REACH is to improve the 
protection of human health and the environment while maintaining the competitiveness and 
enhancing the innovative capability of the EU chemicals industry [ECB, 2006b]. REACH is 
designed to be an integrating approach to the control of the production, import and use of 
chemicals in Europe, which, as it has been described, is a patchwork of many different directives 
and regulations. REACH will replace more than 40 regulations, and integrate the new and existing 
substances regulations [EC, 2006a].  
REACH’s basic elements are in short:  
(i) Registration of chemicals, requiring the manufacturers and importers to obtain 
relevant information on their substances and to use that data to manage them safely;  
(ii) Evaluation is undertaken by the European Chemical Agency to evaluate testing 
proposals made by industry or to check compliance with the registration 
requirements. The Agency also co-ordinate substance evaluation by the authorities to 
investigate chemicals with perceived risks, which may be used later to prepare 
proposals for restrictions or authorisation;  
(iii) Authorisation of substances with properties of very high concern. The agency will 
publish a list containing such candidate substances. The applicants will have to 
demonstrate that risks associated with uses of these substances are adequately 
controlled or that socio-economic benefits of their use outweigh the risks, and that 
there are no suitable alternative substitute substances or technologies;  
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 (iv) Restrictions provide a procedure to regulate that the manufacture, placing on the 
market or use of certain dangerous substances shall be either subject to conditions or 
prohibited [EC, 2006a]. 
 
Under REACH, enterprises that manufacture or import more than one tonne of a chemical 
substance per year will be required to register it in a central database. The production and imported 
volume is used as a priority criterion for test requirements in REACH, as it also is for the new 
substances under the current regulation. For the considerable number of substances produced or 
imported in volumes from 1 to 10 tonnes per year per producer (about 20,000 substances) only very 
limited data are required. For substances produced or imported in 10 tonnes or more additional data 
are required, data requirements increase additionally for substances produced or imported in 100 
tonnes or more, and are further extended for substances produced or imported in more than 1000 
tonnes per year per producer [Rudén & Hansson, 2006]. The continuous use of the production 
volume criteria possesses various questionable characteristics. First of all, there are no 
requirements for chemicals produced or imported in quantities below 1 ton per producer or 
importer per year. In addition there are no proven relationship between production volume and risk 
to human health or the environment [Rudén & Hansson, 2006], and because the production or 
imported volume is measured per producer or importer the actual total production or imported 
volume may be considerably higher than estimated based on single producers or importers. 
REACH will give more responsibility to industry to manage the risks from chemicals and to 
provide users in the supply chain with safety information on the substances. In other words the 
responsibility for conducting the risk assessments will be shifted from Member States’ competent 
authorities to industry itself [EC, 2006a]. Based on information produced by the manufacturers, 
substance evaluations will be conducted by the Member States, whereas the new European 
Chemical Agency will be responsible for technical, scientific and administrative aspects of 
REACH as well as the development of the evaluation criteria. Another addition in REACH, 
compared with the current legislation, is the establishment of a Committee for Risk Assessment. 
The Risk Assessment Committee will have the responsibility for evaluating the draft assessments, 
and preparing the opinion of the Agency on evaluations, applications for authorisation and 
proposals for restrictions, but also for evaluating the availability of alternatives [Council of the 
European Union, 2006]. The goal and perspectives of risk assessments will remain unchanged 
under the REACH regulatory framework and the role of the TGD will not be diminished. The 
current TGDs for risk assessment form the basis of the future guidance that is being developed for 
REACH [pc. de Bruijn, 2006].  
 
3.3 Environmental risk assessment according to the TGD 
In the following chapter an introduction to the TGD is given. The TGD serves as reference 
for the majority of this chapter, which revolves around the methodologies and technical aspects of 
this document. The general risk assessment procedure is described with focus on environmental 
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 risk assessment. Special emphasis is given to the marine effects assessment – the centre of this 
thesis. 
3.3.1 The Technical Guidance Document – purpose and structure 
In the last two decades there has been considerable activity in the field of environmental risk 
assessment. The development and international harmonisation of risk assessment methodologies 
received widespread attention during the 1990s [van Leeuwen, 1995a]. The development of 
international harmonisation was mainly initiated by international bodies as the Organisation of 
Economic Co-operation and Development (OECD), the World Health Organisation’s (WHO) 
International Programme on Chemical Safety (IPCS), the European Centre for Ecotoxicology and 
Toxicology of Chemicals (ECETOC), and the ECB [van Leeuwen, 1995a]. 
Transparency, consistency and high quality standards are essential preconditions for a 
successful realisation of the EU legislation and regulations [Bodar et al., 2003]. An effort to 
harmonise the risk assessment procedures and methodologies commenced in order to minimise 
experimental expenses, the use of test organisms, and to ensure that the results and conclusions 
obtained in risk assessments carried out in different parts of the EU can be applied elsewhere [EC, 
2003a]. The Technical Guidance Document (TGD) for human and environmental risk assessment 
was developed in 1996 by ECB and agreed upon by Member States in order to provide support and 
to assure consistency in the risk assessment performed by the EU Member States [Vermeire et al., 
2005]. A second edition of the TGD was published in 2003 after 5-7 years of experience in 
performing risk assessments had shown a need for revision of a number of areas - for instance the 
need to include the marine environment in risk assessment [ECB, 2003]. The generic risk 
assessment approach is described in detail in this document, which supports legislation and 
regulations in the area of risk assessment of chemicals [EC, 2003b]. The TGD is supposed to 
reflect current state-of-the-art on performing risk assessments within the EU [Bodar et al., 2003]. 
The TGD provides extensive supplementary technical details for conducting hazard identification, 
dose - response assessment, exposure assessment and risk characterisation of chemical substances 
in relation to human health and the environment [EC, 2003a; ECB, 2003].  
The TGD has been produced with the assistance and endorsement of the Member States’ 
competent authorities and is the result of in-depth cooperative work by experts of the Member 
States, the Commission’s services, industry and public interest groups [ECB, 2003]. The test and 
assessment strategies in the TGD are based on the current scientific knowledge and experience of 
the competent authorities of the Member States. Therefore the TGD is supposed to reflect the best 
scientific information to date and make use of the limited data set usually available [EC, 2003b]. 
The TGD possesses no legal status but because it is so broadly accepted and endorsed by all 
stakeholders it is expected to be followed in most cases [EC, 2003a; 2003b]. Other methods and 
approaches may be used if these are found to be more appropriate, provided that they are 
scientifically justified and compatible with the general principles laid down in the legislation 
(Directives 67/548 and 93/67 for new substances, Regulation 793/93 and 1488/94 for existing 
substances and Directive 98/8 for active substances and substances of concern in a biocidal 
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 product). When other methods are used they should be thoroughly described and justified including 
any assumptions, uncertainties and calculations [EC, 2003a; 2003b]. 
The TGD consists of 4 main parts, which are further divided into separate chapters: The first 
part includes the general introduction to risk assessment and risk assessment of human health, the 
second part is the environmental risk assessment. The third part explains the use of (Quantitative) 
Structure Activity Relationships ((Q)SARs), various use categories, and the format for the risk 
assessment report, and the fourth and final part consist of emission scenario documents. 
This thesis revolves around Part II: Environmental Risk Assessment.  
According to the TGD, environmental risk assessment should proceed in the following 
sequence; 
(i) Effects Assessment 
a. Hazard identification 
b. Dose (concentration) – response (effect) assessment 
(ii) Exposure assessment 
(iii) Risk characterisation 
 
The risk assessment should be carried out for the three inland environmental compartments - 
aquatic environment, terrestrial environment and air - and for the marine environment [EC, 2003a; 
2003b]. The aim of the methodologies is to identify acceptable and unacceptable risks. This 
identification is the foundation for the regulatory decisions that are made following risk assessment 
[EC, 2003a; 2003b; van Leeuwen, 1995a]. The risk assessment process can be seen in figure 3.3.  
 
 
Figure 3.3. Risk assessment. The procedure from estimation of exposure and effect to risk characterisation. The 
process is carried out for each environmental compartment. Adapted from van Leeuwen (1995a). 
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When the risk assessment sequence has been completed, assessors will come to conclusions 
separately for human health and the environment. These conclusions will subsequently be reviewed 
and integrated in relation to the totality of risks posed by the substance. This will in turn lead to 
some overall conclusions or results which can include the need for immediate action (regulatory 
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 restrictions on use/production or other risk reducing initiatives), further testing to more precisely 
evaluate the risk, or no immediate concern or action [EC, 2003a]. Risk assessment is an iterative 
process and can as such be subject to revision in light of new information concerning both the 
properties of the substance and of the exposure [EC, 2003a]. 
 
3.3.2 Environmental risk assessment 
According to the TGD part II, the goal of the environmental risk assessment approach is to 
address the concern for the potential impact of individual substances on the environment by 
examining both exposures resulting from discharges and/or releases of chemicals and the effects of 
such emissions on the structure and function of the ecosystem.  
Exposure assessment 
The environmental exposure assessment is based on representative measured data if available 
and/or model calculations. The goal of the environmental exposure assessment is to provide the 
most realistic PEC. In order to obtain this goal, all available exposure-related information on the 
substance in question should be used. The most realistic exposure assessment is provided if 
detailed information on use patterns, release into the environment and elimination, including 
downstream uses of the substance are available. A general rule for deriving the PEC is that the 
most realistic information should be given preference. Initially it may, however, be useful to 
conduct a preliminary exposure assessment based on worst-case assumptions and to use default 
values when model calculations are applied. This is also the most practicable approach when 
sufficiently detailed data are absent. If the risk characterisation based on the worst-case 
assumptions for the exposure assessment shows that the substance is of “no concern”, the risk 
assessment can be stopped for the particular compartment considered. Whereas, if the conclusion 
of the risk characterisation is that the substance is of “concern” further refinement of the exposure 
assessment must be considered and carried out in order to assess the risk for a more realistic 
exposure scenario [EC, 2003b]. Even though the risk assessment procedures in principle are valid 
for all the countries in the EU, the legislation leaves room for modification based on regional or 
local variability, for instance exposure estimations may vary due to differences in topographical 
and climatological aspects [EC, 2003b]. In reality it is impossible to have all the information 
needed to predict exposure with accuracy or certainty. Some aspects are inherently indeterminable 
and other information is simply not available for legal or commercial reasons and assumptions 
must always be made. Consequently, the estimates of exposure are at best only some generalised 
norm [Chapman, 2006].  
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 Effects assessment 
The effects assessment is comprised of the two following steps: 
 
(i) Hazard identification, which is the identification of the adverse effects which a 
substance has an inherent capacity to cause; 
(ii) Dose (concentration) – response (effect) assessment which is the estimation of the 
relationship between dose or level of exposure to a substance, and the incidence and 
severity of an effect. The PNEC is determined from the dose-response relationship 
[EC, 2003a; 2003b]. 
 
The PNEC values are usually determined on the basis of results from single-species 
laboratory tests or, occasionally, established effect and no effect concentrations from model 
ecosystem tests, taking adequate assessment factors into account. PNEC values can be obtained 
using an assessment factor approach or, when sufficient data are available, using statistical 
extrapolation methods. PNEC values are considered as concentration levels below which an 
unacceptable effect will most likely not occur. They are calculated by dividing the lowest short-
term L(E)C50 or long-term NOEC value by an appropriate assessment factor. The assessment 
factors range from 10-1,000 for the inland compartment and 10-10,000 for the marine 
compartment, and are supposed to reflect the degree of uncertainty in extrapolation from laboratory 
toxicity test data for a single or limited number of species to the “real” environment [EC, 2003b]. 
In laboratory tests only a small part of the variety of responses, which may actually occur in the 
environment, are covered.  Consequently, the effect measures derived directly from the laboratory 
would leave a large part of the ecosystem unprotected. The rationale for applying assessment 
factors is thus to extend the assessment to the whole ecosystem [van Leeuwen, 1995a]. The 
assessment factors applied to long-term tests are smaller compared to short-term tests because the 
uncertainty of the extrapolation from laboratory to the natural environment is assumed to be 
reduced. As a consequence of this long-term data are preferred [EC, 2003b].  
According to Article 9 (2) of Regulation 793/93, there is a base-set testing package 
requirement for notified new substances (defined in Annex VIIA of Directive 67/548/EEC) 
[Council Directive 67/548/EEC; Council Regulation 793/93]. This is also the minimum data set 
that must be submitted for priority existing substances. The data set requirement should warrant 
that studies on short-term toxicity for fish, daphnia and algae as a minimum are available for both 
notified new substances and priority existing substances. Consequently, there should in theory be 
some studies that can be used as a starting point for calculation of PNEC and for deciding upon 
further testing strategies. For new substances there are additional data requirements at level 1 and 
2, depending on the production or imported volume of the substance (Annex VIII of Directive 
67/548) [Council Directive 92/32/EEC]. For the existing substances additional information beyond 
the base-set may be available but the amount and the quality of this can be questionable. According 
to the TGD, there may be several studies showing divergent results for a single endpoint and 
studies, which have not been conducted according to current test guidelines and quality standards 
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 available. In such instances expert judgement is needed in order to evaluate the adequacy and 
application of these results [EC, 2003b].  
Guidelines, test methods, test protocols or quality standards give detailed descriptions of how 
experimental work should be conducted in order to assess risks of various chemical substances. 
They serve to support the testing schemes and are a way of ensuring reliable scientifically valid test 
data. Generally, the test methods have been through a scientific review and the repeatability and 
reproducibility of the method has been demonstrated within and between laboratories by using ring 
or round-robin testing. The performance of the test methods is demonstrated by using coded 
reference substances [Smrchek & Zeeman, 1998]. Any new test carried out for risk assessment 
should be performed according to testing methods laid down in Annex V to Directive 67/548.  
These methods are generally either original or adaptations of internationally recognised standards 
(e.g. ISO, UN, and OECD). If there is no EU methods available or if they are insufficiently for the 
purpose, internationally recognised test guidelines can be applied - preferably those of the OECD 
[EC, 2003b].  
The purpose of having standardised testing methods for chemicals at the EU level is to ensure 
proper functioning of the single market and the free movement of goods between the Member 
States. Furthermore they should ensure that any decisions about potential limitations on trade are 
based on reliable scientific data obtained by methods that all countries agree are valid, although the 
interpretation of data might differ from country to country. This relies on the mutual acceptance of 
the methods by which the data are generated when testing the chemicals. Obviously the same can 
be said at a global level, and for this reason the work is closely linked and co-ordinated with the 
parallel OECD Test Guidelines programme [ECB, 2005].  
 
Risk characterisation 
The decision whether a substance poses a risk to organisms in the environment is based upon 
the value of the PEC/PNEC ratio i.e. the RQ. The quantitative risk characterisation is carried out by 
comparing PEC with PNEC separately for each of the environmental compartments. Depending on 
the value of the RQs, it is determined whether further information and/or testing may lead to a 
revision of these quotients. If this is considered to be the case, further information or testing may be 
required leading to a refinement of the RQ. Risk assessment is an iterative process and should be 
continued until a final conclusion regarding the environmental risks can be reached. A RQ greater 
than one leads to a characterisation of the substance being “of concern” and further action has to be 
taken. Usually the competent authority will consult industry to enquire if additional data on 
exposure or ecotoxicity is available in order to refine the characterisation. If the RQ cannot be 
reduced to below one risk reduction measure should in theory be implemented [EC, 2003b]. 
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 3.3.3 Marine risk assessment 
As an entire new approach, the 2nd edition of the TGD includes a chapter on how to perform 
risk assessment for the marine environment (as opposed to the 1996 1st edition). This part is 
developed together with experts from the Oslo-Paris Commission for the Protection of the Marine 
Environment of the North-East Atlantic also known as OSPAR [ECB, 2003; OSPAR, 1998; Luit et 
al., 2003]. OSPAR was adopted in Paris, France, in September 1992, and entered into force in 
March 1998. OSPAR replaces the Oslo and Paris Conventions, and its goal is to provide a 
comprehensive and simplified approach to address all sources of pollution, which might affect the 
maritime area, as well as matters relating to the protection of the marine environment other than 
those relating to the prevention and elimination of pollution [OSPAR, 1998].  
According to the TGD (EC, 2003b) the extension of the existing risk assessment approaches 
to cover risks to the marine environment is a logical and important development in the 
establishment of a comprehensive risk assessment methodology. It has been recognised in reports 
that there was a need to include the marine environment in the established risk assessment 
framework and methodology outlined in Directive 93/67/EEC and Regulation 1488/94 [EC, 1998; 
OSPAR, 1998]. As it is the case for all the other parts of the TGD, the marine environmental risk 
assessment must conform to EC legislative requirements (Directives 67/548 and 93/67, Regulations 
793/93 and 1488/94 and Directive 98/8). In addition, the objectives established by OSPAR policy 
must also be recognised and the OSPAR strategy for hazardous substances must be taken into 
account. To meet the OSPAR strategy the assessment should specifically contribute to 
identification of sources of release of chemicals and the relative significance of these with the 
objective of deciding upon measures which substantially, effectively and proportionately reduce 
exposure [EC, 2003b; OSPAR, 1998]. 
The goal of the marine risk assessment chapter is to “lay down principles and concepts that 
should drive an assessment of the impacts on the marine environment” [EC, 2003b; pp. 135]. To 
facilitate this goal the risk assessment framework and methodology for the inland environment has 
served as a basis onto which additional methodologies considered more appropriate for the marine 
environment have been added. In other words, some areas of the marine risk assessment are 
identical with the assessment for the inland environment. However, in some areas new techniques 
and approaches have been developed in order to cover the unique features of the marine compared 
to the inland environment [EC, 2003b]. Consequently, the objective of the marine environmental 
risk assessment is similar to the inland environmental assessment, mentioned earlier, namely to 
address the concern for the potential impact of individual substances on the environment and 
consequent effects on ecosystem structure and function. For the inland environment, this is 
practically done by considering five environmental compartments (aquatic ecosystem, terrestrial 
ecosystem, top predators, the functioning of sewage treatment plants and the atmosphere). These 
compartments are assessed for the regional and local scale by RQs using PNEC values from 
representative species at different trophic levels for the particular compartment. The assessment 
focuses on the survival and well being of species’ populations rather than of individual organisms. 
It addresses the functioning of the ecosystem as determined by the survival and well being of all 
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 the species in the specific ecosystem and assumes that the protection of species will protect 
ecosystem structure and thereby the ecosystem function [EC, 2003b]. 
Even though the approach, shortly outlined above, clearly also applies to the marine 
environment it must be recognised that the concepts and methodologies for the inland environment 
largely have been developed to assess impacts on the local and regional scale rather than the 
potential for global impacts [EC, 2003b]. There are, consequently, additional concerns that must be 
included in a risk assessment of the marine environment in order to properly address the main 
differences between the two environments: 
 
(i) Hazardous substances may accumulate in parts of the marine environment and 
a. the effects of such accumulation are unpredictable in a long-term perspective 
b. such accumulation would be practically difficult to reverse 
(ii) Remote areas of the oceans should remain untouched by hazardous substances 
resulting from anthropogenic sources, and the intrinsic value of pristine 
environments should be protected [EC, 2003b; Luit et al., 2003]. 
 
Of these, the first is considered to be the main concern, because the spatial and temporal 
scales, that are relevant for the marine setting, are not covered in the inland risk assessment 
approach. Persistent bioaccumulable chemical substances can cause effects over prolonged periods 
of time and over great distances. In the marine environment, the concern is that once a chemical 
has entered the open seas any cessation of emission may not necessarily cause a reduction in the 
concentration of that chemical, and it thereby becomes difficult, if not impossible, to reverse any 
adverse effects. This is further complicated by the difficulties associated with detecting effects at 
an early stage, which is caused by the chronic long-term exposure and long life-cycle of many 
important marine organisms. In order to meet the protection goal for the marine environment and 
deal with these concerns that are mainly connected with PBT substances (i.e. substances considered 
as persistent, bioaccumulative and toxic) the assessment approach has been specifically designed to 
cover sources, routes and pathways of chemicals to the marine environment. This should in theory 
result in greater transparency for regulators in the risk management phase when they have to decide 
on which measures will provide the most effective risk reduction, according to the TGD [EC, 
2003b]. 
The structure of the chapter on marine risk assessment generally follows the structure of the 
inland risk assessment. The chapter starts with a section on exposure assessment where specific 
issues relating to marine partitioning processes and marine degradation are highlighted. This 
section’s ultimate goal is to describe how to derive a local and regional PEC. The next section of 
the chapter on marine risk assessment deals with the marine effects assessment.  
 
Marine effects assessment 
The goal of the marine effects assessment is a derivation of PNECs, preferably both for the 
aquatic and the sediment compartment. Also included under the marine effects assessment are 
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 possible effects due to secondary poisoning via the food chain in the marine environment, and the 
PBT assessment, which describes criteria for identification of persistent, bioaccumulative and toxic 
substances [EC, 2003b; Luit et al., 2003]. The focus in the following paragraph will be on the 
aquatic compartment. 
 
Marine effects assessment for the aquatic compartment 
When assessing environmental risks arising from production and use of chemical substances, 
the focus has previously been on the inland environment as being the main area of concern, 
because of the distribution of urban and industrial development, and associated patterns of 
chemical usage [EC, 2003b; Huthcinson et al., 1998]. Consequently, a considerably larger amount 
of information is available on ecotoxicity of chemicals on freshwater species than on marine 
species. Substances are subject to marine risk assessment because of an assumption of exposure to 
estuarine or marine waters and connected potential impacts to the marine environment. Marine 
hazard or risk assessment should ideally be based on data produced in ecotoxicological tests using 
a range of ecologically relevant marine species (e.g. algae, invertebrates and fish). This is 
particularly important because of the greater species’ diversity in marine environments compared 
to the freshwater compartment [EC, 2003b].  
In cases where no saltwater toxicity tests are available it may be necessary to use freshwater 
data instead of data for estuarine and marine species. In such circumstances a clear understanding 
of the comparability of the effect data generated on marine and freshwater species, respectively, is 
needed. In addition, organisms living in extreme environments may be more susceptible to certain 
substances, and in such circumstances, the TGD dictates that the applicability of the toxicity data 
must be evaluated on a case-by-case basis [EC, 2003b]. 
Data evaluation 
When conducting marine effects assessment the natural starting point is to evaluate the 
available data. As mentioned earlier, most ecotoxicity studies are carried out on freshwater species. 
Consequently, a very significant part of the data evaluation revolves around assessing the 
applicability of freshwater ecotoxicological studies for predicting effects in the marine 
environment. When freshwater data are found to be useful the focus of additional research could be 
on any supplementary factors that characterise the marine environment. According to the TGD, any 
studies on the comparability of freshwater and marine species’ sensitivity have been hampered by 
the very limited number of substances on which comparable studies have been conducted. The very 
limited data that are available have tended to show that there is no systematic bias in sensitivity 
when comparable tests and endpoints are paired [EC, 2003b].  
The TGD recapitulates the following conclusions, which are based on a single study 
conducted by ECETOC (2001) that collated much of the available data; 
 
(i) “the reviewed data and current marine risk assessment practise suggest a 
reasonable correlation between ecotoxicological responses of freshwater and 
saltwater biota – at least for the usual aquatic taxa (i.e. fish, crustacean, algae). No 
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 marked differences in sensitivity between freshwater and saltwater biota appear that 
systematically apply across all three trophic levels considered; 
(ii) where evaluated, differences between trophic levels within each medium were 
generally as significant or even more marked than between media. Such variation is 
implicitly assumed in the use of assessment factors in current risk assessment 
practice; 
(iii) where differences in  the apparent sensitivity of freshwater and marine biota were 
observed for individuals compounds, such differences were consistent within a factor 
of 10 ( < 1 log unit) and usually somewhat less; 
(iv) average differences in sensitivity for such paired comparisons were typically within a 
factor of ~2; 
(v) however, within trophic levels differences larger than a factor 10 were shown for 
several metals and pesticides indicating that for these substances freshwater and 
saltwater data should not be pooled for effects assessment and PNEC derivation” 
[EC, 2003b; pp. 147]. 
 
The TGD consequently finds that application of acute ecotoxicological freshwater data 
instead of - or in addition - to marine effects data is not contradicted by the empirical data 
reviewed. It is therefore recommended to pool the data and to derive PNEC values from the most 
sensitive endpoint regardless of the medium. There have not been made any comparisons of long-
term effects data because of the lack of suitable data, but there is no reason to believe that a 
systematic bias to freshwater or marine species would exist according to the TGD. That is why the 
TGD proposes that data on freshwater and marine fish, crustacea and algae can be used 
interchangeably for evaluation of the risks to either compartment [EC, 2003b]. 
 
PNEC derivation 
The TGD presents higher assessment factors for the marine effects assessment and derivation 
of PNEC than for the inland assessment. The argument behind this is that the greater species’ 
diversity and the presence of a number of taxa, which only exist in the marine environment, 
possibly mean that the species’ sensitivity distribution is broader [EC, 2003b; Vermeire et al., 
2005]. Since this can neither be confirmed nor disproved, with the limited available data, it is 
considered prudent and precautionary to assume that it is the case.  It therefore becomes necessary 
to consider whether the traditional three taxa model (algae, invertebrate and fish) provides 
sufficient protection for the most sensitive species when applying the assessment factors developed 
for freshwater systems. Consequently, the TGD introduces a higher assessment factor for the 
marine assessment than for the inland assessment, when only data on freshwater or saltwater algae, 
crustacea and fish are available, in order to reflect the greater uncertainty in the extrapolation. The 
magnitude of the assessment factors can be lowered when the uncertainty in the extrapolation is 
reduced by having additional data available for other taxonomic groups (e.g. rotifers, echinoderms 
or molluscs). The TGD bases the assessment factor on current scientific understanding of the 
 29
 comparable species’ sensitivity and diversity of freshwater and marine organisms and as such may 
be revisited when additional knowledge in this field becomes available [EC, 2003b].  
As can be seen in table 3.1 the assessment factors decrease in magnitude from higher values 
for short-term acute studies to lower values for long-term chronic studies. For the long-term studies 
the magnitude of the assessment factors can be further reduced if information on a broader range of 
taxonomic groups or trophic levels is available.  
 
Table 3.1. Assessment factors proposed for deriving PNEC (water) for saltwater for different data sets. From the TGD, 
EC (2003b) table 25. 
Data set 
 
Assessment factor 
 
Lowest short-term L(E)C50 from freshwater or saltwater representatives of three 
taxonomic groups (algae, crustaceans and fish) of three trophic levels 10,000 
Lowest short-term L(E)C50 from freshwater or saltwater representatives of three 
taxonomic groups (algae, crustaceans and fish) of three trophic levels, + two additional 
marine taxonomic groups (e.g. echinoderms, molluscs) 
1,000 
One long-term NOEC (from freshwater or saltwater crustacean reproduction or fish 
growth studies) 1,000 
Two long-term NOECs from freshwater or saltwater species representing two trophic 
levels (algae and/or crustaceans and/or fish) 500 
Lowest long-term NOECs from three freshwater or saltwater species (normally algae 
and/or crustaceans and/or fish) representing three trophic levels 100 
Two long-term NOECs from freshwater or saltwater species representing two trophic 
levels (algae and/or crustaceans and/or fish) + one long-term NOEC from an additional 
marine taxonomic group (e.g. echinoderms, molluscs) 
50 
Lowest long-term NOECs from three freshwater or saltwater species (normally algae 
and/or crustaceans and/or fish) representing three trophic levels + two long-term 
NOECs from additional marine taxonomic groups (e.g. echinoderms, molluscs) 
10 
 
  
3.4 Identified obstacles in EU risk assessment 
During the course of this chapter various issues related to the effectiveness and ecological 
relevance of the EU risk analysis in general and the risk assessment procedure specifically have 
been pointed out and shortly described.  In the following, some aspects and characteristics, which I 
regard as especially questionable and which in my mind should be subjected to review, are listed. 
Firstly, aspects in relation to the management part of risk analysis are mentioned. Secondly, various 
characteristics of the marine effects assessment procedure, which I have found to play a role in the 
discrepancy between the procedures outlined in the TGD and the goal of protecting ecosystem 
function and structure, are listed. Both the aspects surrounding the management phase and risk 
assessment phase will be elaborated and discussed in the context of scientific literature and the 
ecotoxicological study in the overall discussion in chapter 6.  
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 3.4.1 Points of critique related to management issues 
 
• The standardisation procedure 
The intention with standardised laboratory test procedures is not to predict the effect of 
the chemical in the complex environment, but rather to evaluate the isolated toxic 
capabilities of the substances [Chapman, 2006]. Consequently, the relevance regarding 
the risk we are trying to assess is questionable. 
 
• Separation of the risk assessment and management phase 
The Commission differentiates between risk assessment as a purely scientific exercise 
and risk management as a political decision, thereby ignoring that this distinction is hard 
to make in practice and that several assumptions and conclusions involving value-based 
judgments affect the outcome of the risk assessment [Tickner, 2001]. 
 
• Limited consideration of various uncertainties 
The simplistic nature of risk scenarios is “forgotten” in the management phase. 
Furthermore the vast amount of uncertainties and extrapolations are not necessarily 
communicated and explained from the risk assessment phase to the risk management 
phase [Hansson & Rudén, 2006]. 
 
• Lack of data and time-perspective 
There is currently a large gap in the knowledge concerning the existing chemical 
substances. Risk assessment is a lengthy process and can be further delayed in the 
management phase when the Member States and the Commission have to agree upon risk 
reducing measures [McCutcheon, 1998]. Furthermore, the industry has no incentive to 
provide the best data or ecotoxicological assays, on the contrary they have an advantage 
in delaying the process [WWF, 2004]. 
 
• Risk reducing measures 
It is questionable if the instruments available are sufficient, and if they are properly 
implemented by the Commission and the individually Member States’ competent 
authority. Furthermore, the term “acceptable level of risk” is unclear though it is the 
starting point of any discussion on whether risk reducing measures should be 
implemented [EC, 1998].  
 
• Different system for new and existing chemicals 
For more than 90% of chemicals (all the existing chemicals) on the market there is no 
safety information available. In addition, the production of new (and possible less 
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 dangerous) chemicals is penalised because notification is necessary for these, in contrast 
to the existing chemicals [EC, 2001]. 
 
• Precautionary principle 
The precautionary principle is supposed to apply to all areas of Community policy-
making but is seldom invoked, and it is highly unclear when and how the principle 
applies. The existence of uncertainties can lead to a legislative standstill and policy-
makers have been more likely not to regulate something, which later turned out to be 
harmful than to err on the side of caution [Eckley & Selin, 2004].  
 
3.4.2 Points of critique related to the ecological relevance of the 
marine effects assessment procedure 
  
• Expert judgement and case-by-case evaluations 
Expert judgement leaves room for discretion and may be coloured by economic, social or 
personal interests. In addition, the purely scientific framework of risk assessment is 
distorted when expert judgement is applied. Numerous assumptions are made, for 
instance about exposures, human behaviour or chemical fate, that may or may not be 
explicit [Tickner, 2001]. When value judgements and assumptions not are made clear or 
explicit the results is a lack of transparency in the risk analysis process. 
 
• Laboratory to field extrapolation  
There are many factors that cannot easily be taken into consideration in standard 
laboratory experiments. These include various natural stress factors. Aquatic organisms in 
natural waters are exposed to a wide range of natural stress factors of physical, chemical, 
and biotic origin. The interaction of these natural stress factors and anthropogenic stress 
factors like toxicants on the population dynamics of aquatic species is still a relatively 
unexplored area [Heugens et al., 2001].  
 
• Marine vs. freshwater data  
The marine and freshwater data are supposed to be used interchangeably. There are a 
limited number of studies comparing acute marine and freshwater data for a few species. 
These do not show any systematic bias in sensitivity. There are, however, no studies 
comparing long-term effects [EC, 2003b].  
 
• Few (or single) test species and individual level responses vs. ecosystem responses 
Extrapolating effects of toxicants from a limited number of test species to ecosystems as a 
whole is an essential part of environmental risk assessment but its validity is questionable. 
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 The most common applied tests are toxicity tests on individual effect-parameters but an 
ecologically relevant effects assessment should involve endpoints based on population, 
community or ecosystem level responses [Levin et al., 1996]. 
 
• Assessment factors  
The assessment factors are arbitrarily determined. Their size is based on a policy-driven 
approach instead of a scientifically grounded one [Chapman et al., 1998]. The assessment 
factors are both criticised for hiding uncertainties and possibly underestimating risk as 
well as for possibly overestimating the risk because of the application of the most 
sensitive test species and the general conservativeness of the approach [Chapman, 2006]. 
 
• Exposure duration and sensitive life-stages compared to adult test-subjects  
Traditionally there has been a focus on acute toxicity tests in comparison with more 
ecologically relevant long-term chronic toxicity tests. Furthermore, the tests which are 
applied most often examine the response in adult organisms during acute exposure instead 
of the often much more sensitive earlier life-stages [Medina et al., 2002]. 
 
 
 33
 4. Ecological theory and relevant test designs 
In the following chapter ecological theory is described with the purpose of providing 
ecologically relevant experimental results. First, the concept of the ecological niche of a species is 
introduced and the population growth rate as effect measurement in life-table response experiments 
is described. Second, the link between the ecological niche of a species and population growth rate 
is established and expanded upon. Finally, the role of environmental stressors in connection with 
the ecological niche and as a modifying factor on toxicity is elaborated. 
 
4.1 The ecological niche of a species 
In order to understand population dynamics it is necessary to understand the link between 
physiological requirements and ecological distribution and abundance of organisms [Calow & 
Sibly, 1990]. A functional approach to describe and operationalise this link is through the concept 
of the ecological niche of a species. There are many different definitions and usages of the term 
“niche”. Elton (1927) defined the niche of an animal as “…its place in the biotic environment, its 
relations to food and enemies” [Elton, 1927; pp. 64]. Hutchinson (1958) described the niche as an 
n-dimensional hypervolume, each of whose dimensions’ corresponds to a relevant environmental 
variable in the life of a species’, and every point in the hypervolume corresponds to a state of the 
environment that would permit the species to exist indefinitely. The boundaries of the niche are 
defined by the species’ tolerance limits of the environmental variables [Hutchinson, 1958]. 
Usually, niches describe the overall attributes of a whole species, although they could refer to 
populations or even individual organisms. Theoretically, the niche occupied by a species defines 
everything about its needs. The resources, which the species requires forms the niche. These may 
be food, shelter from predators, space or the physiological parameters essential for the organisms’ 
survival [Cotgreave & Forseth, 2002]. There is a very tight and specific relation between the niche 
and the environment. The environment produces the external stimulus that gives the organism a 
chance to practice its niche and the niche reflects the organism’s intrinsic capacity to exploit or 
otherwise respond to its environment [Andrewartha & Birch, 1984]. 
In ecology a distinction is often made between a species’ fundamental and realised niches. 
The fundamental niche defines the area in which members of a species are physiologically capable 
of living, and therefore the fundamental niche depends on the physical environment. The realised 
niche is the part of the fundamental niche the species actually occupies, and where it is not 
excluded by predators, competitors, geographical history or anything else. Both fundamental and 
realised niches are dynamic and can change as a consequence of fluctuations in the biological and 
physical environment [Alley, 1985; Cotgreave & Forseth, 2002]. It is impossible to fully delineate 
the fundamental niche of a species since a tremendous number of combinations of various values of 
numerous abiotic and biotic variables would have to be considered and investigated [Alley, 1985].  
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 4.2 Population growth rate and life-cycle experiments  
Toxicants can affect all levels of biological organisation from the cell to the ecosystem. 
Consequently, ecotoxicological experiments can be analysed at more than one of these levels. Even 
though toxicants affect the cellular level, their ecological consequences may be at the population, 
community and ecosystem level [Caswell, 1996a; Duquesne, 2006; Levin et al., 1996]. Processes 
at one level of organisation take their mechanisms from the level below and find their 
consequences at the level above. This illustrates one of the main problems in ecotoxicology, which 
is the question of how to translate mechanisms at one level into effects at another? [Caswell, 
1996a]. Although the focus of ecotoxicology has often been on individual responses to pollutants 
either as survival or sublethal effects, linking the physiological effects on individuals with their 
population and community level consequences is actually the goal of ecotoxicology [Levin et al., 
1996]. In order to provide this link between the physiological effects on individuals with their 
population and community level consequences structured population models have been applied as a 
useful tool. This is especially the case when a pollutant’s effect on survival and reproduction are of 
different magnitudes or vary in direction for different parts of the life-cycle [Caswell, 1996b; Levin 
et al., 1996].  
Individual organisms are born, they grow, reproduce and die. Exposure to toxicants and 
various environmental stressors may change the risks of these occurrences. Population dynamics 
are determined by rates of birth, growth, fertility, and mortality (often referred to as vital rates or 
life-history traits) which are produced by the events experienced by the individual organisms 
through the life-cycle [Caswell, 1989a; 1996a]. Through life-table response experiments (LTREs) 
it is possible to evaluate population level consequences of pollutant effects on individual life-
history parameters, which traditionally have been assessed separately [Caswell, 1989b; Levin et al., 
1996]. LTREs produce information on age-specific survival, growth and fecundity in individual 
organisms reared under controlled laboratory conditions. The effects of treatments on the life-
history traits are measured directly, following which demographic models are used to calculate 
demographic indices, particularly the rate of population increase (λ or r = ln λ). λ is a summary 
statistics that integrates diverse effects on the single life-history traits. λ is a powerful tool in 
evaluating the response of life-history variables to environmental and toxic stress that can be 
applied to explore demographic consequences of sublethal toxic effects on populations [Caswell, 
1996a; 1996b; Levin et al., 1996; Linke-Gamenick et al., 2000]. 
The terminology was introduced by Caswell (1989b) to describe an approach dating back to 
Pearl (1927) and Lotka (1936), which was first introduced into ecology by Birch (1953) [Caswell, 
1989a; 1989b; 1996a; 1996b; Levin et al., 1996]. Birch’s paper (1953) was the first to use the 
methodology to compare the effects of experimental treatments, however, since then several 
LTREs have been carried out both in animal- and plant ecology and - although yet not extensive - 
the application of LTREs in ecotoxicology is growing [Barata et al., 2002; Caswell, 1989b; 1996a; 
2000; Forbes & Calow, 1999, Sibly, 1999; Widarto et al., 2004]. LTREs allow an examination of 
complex interactions between various stress factors, which may provide quite extensive and 
overwhelming results. But through integration in the population growth rate response, the 
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 information becomes manageable and at the same time, more ecologically relevant [Caswell, 
1989b]. Daniels and Allan (1981) were among the first to measure the effect of toxicity on a 
copepod and a cladoceran by application of the Lotka equation and the use of the rate of population 
increase (r) [Kammenga et al., 1996].  They argued that population growth is an ecologically 
relevant parameter for sublethal stress in these invertebrates. Since then, several studies have 
focussed on the link between effects on individual life-history traits and population growth rate 
[Kammenga et al., 1996; Meyer et al., 1986; Forbes & Calow, 1999].  
Population growth rate is the key unifying variable linking the various facets of population 
ecology. It is the summary parameter of trends in population density or abundance and can aid in 
forecasting future population trends, by indicating whether density or abundance are increasing, 
stable or decreasing, and at which pace they are changing [Caswell, 1996a; Sibly & Hone, 2002]. 
In other words, the importance of population growth rate is that it allows qualified projection of 
future population sizes. The importance of population growth rate is widely recognised and has 
been applied in various ecological and ecotoxicological studies [Caswell, 1996a; 1996b, Forbes & 
Calow, 1999; Forbes et al., 2001a; Kooijman & Metz, 1984; Levin et al., 1996 Sibly, 1996, Sibly 
et al., 2000]. Population growth rate describes the per capita rate of growth of a population, either 
expressed as the factor by which the population size increases per time unit, λ (=Nt+1/ Nt), or as r 
(=loge λ). λ is variously referred to as “finite growth rate”, “finite rate of increase”, “net 
reproductive rate” or “population multiplication rate”. r is known as “rate of natural increase”, 
“instantaneous growth rate”, “exponential rate of increase” or “fitness” [Birch, 1953; Kooijman & 
Metz, 1984; Caswell, 1996a; Sibly & Hone, 2002]. The value of λ varies from a minimum value of 
0.0 to a value of 1.0 for a stable population, and up to a maximum value, λmax when the population 
increases at the maximum possible rate, when food is abundant and there are no predators, 
pathogens and competitors. Correspondingly, r varies from a minimum value of -∞ to a value of 
0.0 for a stable population and up to a maximum value, rmax (see table 4.1). [Caswell, 1982a; Sibly 
& Hone, 2002]. In this thesis the term population growth rate refers to λ.  
 
Table 4.1.  Values of λ and r and corresponding trends in population growth rate. Adapted from Sibly (1999). 
 λ r 
Population decreasing 0 > λ > 1 -∞ > r > 0 
Population stable λ = 1 r = 0 
Population increasing 1> λ  > λmax 0 > r  > rmax
 
Forbes & Calow (1999) reviewed the literature in which toxicant effects on individual traits 
as well as population growth rate had been determined simultaneously. This included a total of 28 
species and 44 toxicants. They found that there was no evidence that effects on individual life-
history traits were magnified at the population level. In fact, population growth rate was found to 
be equally or less sensitive to toxicant exposure than the individual life-history traits contributing 
to it. However, there was no consistency considering which trait was the most or least sensitive and 
consequently no generally predictable relationship between effects on single life-history traits and 
population growth rate. Forbes and Callow (1999) therefore concluded that population growth rate 
is a better measure of responses to toxicants than individual-level effects, because it integrates 
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 potentially complex interactions among life-history traits and hence provides a more relevant 
measure of ecological impact. Another analysis by Forbes and Calow (2002a) indicates that 
although the most sensitive individual level variables are likely to be equally or more sensitive than 
population growth rate, they are difficult to identify. Even if they are identified, integrating impacts 
on key life-cycle variables, via population growth rate analysis is still a more robust approach for 
assessing the ecological risks of chemicals.  
  
4.3 The niche and population growth rate – the connection 
In the context of this thesis, the concept of “the niche of a species” refers to the niche concept 
of Hutchinson (1958) with some modifications brought into consideration by other scientists. 
Hutchinson postulated that a species population could be characterised by the range of some 
environmental variable (e.g. temperature, salinity) within which it can persist, or more precisely, 
where λ is above one [Hutchinson, 1958]. Several such ranges, taken jointly, form a 
multidimensional region or so-called hypervolume within which λ > 1 [Kikkawa & Anderson, 
1986].  According to Sibly & Hone (2002) a straightforward approach to define an organism’s 
niche is as the set of points or environmental conditions in “niche space” where the population 
growth rate is greater than one (λ > 1) [Sibly & Hone, 2002]. The axes of niche space are physical 
or chemical variables such as temperature, food abundance, pH or salinity. When the niche is 
characterised at low population density and in the absence of predators, parasites and interspecific 
competitors, it is referred to as the “fundamental niche”. In the presence of these factors the set of 
points for which the population growth rate is greater than one is reduced and this set of points 
defines the “realised niche” [Sibly & Hone, 2002]. Pulliam (2000) and Shea & Chesson (2002) 
mention that the fundamental niche of a species may be depicted by plotting the finite rate of 
increase, λ, as a function of the environmental variables influencing λ. This is not a new approach, 
but was actually already applied in the 1950s by Birch (1953), who studied the limits of the 
distribution of beetles as far as temperature and moisture were concerned.  
It is experimentally possible to examine the effects of environmental stressors on population 
growth rate and the species’ ecological niche. This could for instance be done by examining the 
limits of distribution of a species as far as temperature and salinity are concerned, by the 
combination of temperature and salinity beyond which the finite rate of increase, λ, is less than 1.  
An illustration of how the results of such an experiment could be depicted is given in figure 4.1. 
The smooth curves of the contours indicate an interaction between the environmental variables - 
the tolerance to one variable depends on the levels of the other variables. All the points within the 
contour where λ = 1 can be considered as the fundamental niche because for these particular 
combinations of environmental variables the species can increase in population size. At points 
outside the contour, the population is declining and as such, the values of the variables at which λ = 
1 is the edge of the distribution of the species or of the population’s ecological niche [Pulliam, 
2000; Sibly, 1999; Sibly & Hone, 2002]. However, populations can persist with a population 
growth rate less than one if they are maintained by immigration - this is often referred to as a 
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 “sink” population, which is supplied with individuals from so-called “source” populations [Dias, 
1996; Pulliam, 1988].  
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Figure 4.1. Theoretical population growth rate contour representing the ecological niche with the boundaries of 
temperature and salinity. Adapted from Sibly (1999). 
 
Multiple factors affect population growth rate and it is difficult to separate their effects when 
they act simultaneously. Ecologists have used different methods to study both the combined and 
the relative effects on population growth rate of determining factors. These three main approaches 
have been termed the “density paradigm”, the “demographic paradigm” and the “mechanistic 
paradigm” by Sibly and Hone (2002). The density paradigm focuses on direct density effects on 
population growth rate. The demographic paradigm focuses on the relationship between population 
growth rate and the demographic parameters: age-specific fecundity and survival. Population 
growth rate is increased by an increase in fecundity or survival, or by breeding earlier. The 
demographic parameters depend causally on factors such as food quality and supply, predation, 
environmental stressors and competition – some of which depend directly or indirectly on 
population density. The mechanistic paradigm focuses on the link between these causal factors and 
population growth rate [Sibly & Hone, 2002]. In connection with the demographic paradigm 
various elasticity analyses have been carried out in order to examine the relative effects on 
population growth rate of proportional changes in fecundity and survival (see for instance Caswell, 
2000; Heppel et al., 2000; Sæther & Bakke; 2000). According to Sibly & Hone (2002), these 
studies show that fecundity can make a greater proportional contribution than survival in short-
lived species, and the reverse in longer-lived species [Sibly & Hone, 2002]. In this thesis the 
mechanistic paradigm is employed, focusing on the effect of causal factors (changes in salinity and 
temperature and combined toxicant exposure) on population growth rate in order to examine if a 
species’ ecological niche may be reduced by chronic low dose toxicant exposure in a fluctuating 
environment. 
4.4 Environmental stressors and the niche 
Environmental stressors and density dependence have a negative effect on population growth 
rate. If the form of density dependence was constant and known, the future population dynamics 
could to some degree be predicted [Sibly & Hone, 2002]. However, density dependence is often 
impossible to quantify, and it is therefore important to emphasize that population models can only 
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 project the population dynamics, if the environment was to remains constant at its present state - or 
the state under which LTREs are conducted [Caswell, 1996a; 1996b]. The following paragraph 
explores the subject of environmental stressors in connection with ecotoxicological responses, and 
attempts to link these to population growth rate and the ecological niche. In the end of this 
paragraph, the role of temperature and salinity as environmental stressors that modify toxicity is 
elaborated. 
 
4.4.1 Environmental stressors 
Interspecific interactions, such as predation and competition, form linkages among 
individuals, populations, and communities. The overall goal of growth and reproduction forces 
organisms to balance many demands in diverse and changing environments. Organisms must 
forage effectively, avoid predation, find appropriate habitat, attract mates, minimise competition 
for scarce resources, and interact in various ways with the biotic and abiotic components of the 
surrounding environment [Atchison et al., 1996]. How stressors affects the outcomes of these 
interactions and thereby population, community and ecosystem dynamics should be a key question 
in ecotoxicology, but little effort has been expended on this issue [Atchison et al., 1996]. Aquatic 
organisms in natural waters are exposed to a wide range of natural stress factors. The interaction of 
natural stress factors and anthropogenic stress factors like toxicants on the population level of 
aquatic species is still a relatively unexplored area even though proper regulation and management 
of natural resources requires a consideration of such interactions [Folt et al., 1999; Heugens et al., 
2006].  
A stressor can be defined as any environmental factor that affects community structure and 
ecological functioning of organisms via a reduction in survivorship or reproduction leading to a 
reduced fitness relative to optimum conditions [Calow, 1989; Folt et al., 1999; Heugens et al., 
2001; Sibly, 1989].  
The combined action of environmental stressors can, according to Sibly & Hone (2002), be 
thought of as defining an organism’s ecological niche. As mentioned earlier, niches characterised at 
low population density and in the absence of any additional stressors are considered the 
fundamental niche. In the presence of these factors the set of point for which the population growth 
rate is greater than one is reduced causing the population to live within a realised niche [Sibly & 
Hone, 2002].  
Multiple stressors may change an organism’s sensitivity in two ways. Exposure to a toxicant 
can narrow the organism’s tolerance range for environmental factors or the factors may influence 
the toxic effect concentration of chemicals [Heugens et al., 2001]. Despite growing interest in the 
field only a few studies have examined how combinations of natural and anthropogenic stressors 
influence aquatic organisms, populations, or communities [Folt et al., 1999; Hanazato & Dodson, 
1995; Heugens et al., 2006]. Results of these show that effects of stressors are worse in 
combination than alone [Cooney et al., 1983; Folt et al., 1999; Hanazato & Dodson, 1995]. 
Sublethal stress can induce compensatory mechanisms through decrease of energy uptake and/or 
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 increased expenditure of energy. These mechanisms may lead to changes at lower biological levels 
and may ultimately affect the population [Duquesne, 2006].  
 
Effects of temperature and salinity on toxicity 
 Estuarine organisms are subject to highly variable temperature and salinity environments. 
Temperature variation may affect survival, growth and metabolic physiology, whereas salinity may 
affect all of the above and in addition impose potential osmotic problems [Heugens et al., 2001]. 
Most pollution of marine waters happens in estuaries or coastal areas, consequently organisms are 
forced to deal with a highly fluctuating environment concerning salinity and temperature, as well as 
toxicant exposure [Adams, 2005; Forbes, 1991]. As a consequence of this estuarine species can 
provide important insight into the study of how organisms respond to multiple stress factors 
[Forbes, 1991]. 
In 1986 McLusky et al., reviewed the literature and noted that there were relatively few 
studies concerning the effect of temperature and salinity on toxicity at the time. It does not seem as 
if much has changed since then. The majority of studies examine the toxicity of a substance at one 
temperature and salinity regime. For marine species this generally means studies in seawater at 
20°C ± 2°C and a salinity between 29-36‰ S [ISO 14669, 1999]. Today, only a few studies exist 
concerning toxicity towards estuarine organisms, and even fewer studies exist where ranges of 
temperatures and salinities have been included in the experimental design. Even though McLusky 
et al. (1986) concluded that toxicity values determined under fixed (or single) temperature and 
salinity regimes are inappropriate for evaluating the effect of toxicants in natural ecosystems, 
because the modifying role of environmental factors is ignored, there is still a lack of research in 
this area. According to Cervetto et al. (1999), salinity is undoubtedly one of the most important 
factors that affect the distribution of marine organisms because the ability to osmoregulate affects 
ecological tolerances [Cervetto et al., 1999]. 
To my knowledge, there exist four reviews which have dealt with the issue of multiple 
stressors: contaminants and temperature (Cairns et al., 1975), contaminants and salinity (Hall & 
Anderson, 1995), contaminants, temperature and salinity (McLusky et al., 1986) and contaminants, 
temperature, salinity and nutritional state (Heugens et al., 2001). With the goal of withdrawing 
some general guidelines concerning the effects of temperature and salinity upon toxicity the 
following paragraph refers mainly to the reviews’ conclusions, but the single studies have been 
consulted in order to ensure that the findings are accurate. 
 
Temperature 
Temperature can be both a lethal factor and a controlling factor without a threshold [Cairns et 
al., 1975]. Every aquatic organism can tolerate a range of environmental temperatures more or less 
indefinitely. Recalling the niche theory described earlier, the boundaries of the organism’s niche 
with respect to temperature are defined by the species tolerance limits of this environmental 
variable. The range of tolerated temperatures is determined by the interplay of developmental, 
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 genetic, and environmental influences. Temperature may act as a controlling factor through its 
effect on metabolism, which in turn determines for the limits of maximum activity. Essentially all 
aquatic organisms are ectotherms (exceptions are mammals, birds and tuna fish), meaning that the 
body temperature is almost exactly the same as the surrounding temperature. Even though most 
ecotoxicity tests are performed on ectotherms, the effect of temperature is usually ignored by the 
standardised experimental conditions. The rate of metabolism in aquatic ectotherms is highly 
temperature dependent and undergoes an approximately twofold increase with every 10°C rise in 
temperature [Cairns et al., 1975; Sprague, 1995]. If the organisms are allowed to acclimate to the 
new temperature over a period of time there is often an eventual stabilisation of the metabolism for 
non-photosynthetic organisms at an intermediate level, meaning that stepwise acclimation can 
modulate the direct effect of temperature on ectothermic organisms. A rise in temperature may 
increase toxicant exposure because increased diffusion or active uptake results in greater increases 
in rates of water and solute movement across cell membranes [Cairns et al., 1975]. In this way 
temperature also affects 1) the toxicokinetics of a substance through influence on the metabolic rate 
or locomotory activity and 2) the feeding activity of organisms, thereby affecting uptake, 
elimination and detoxification rates. At the thermal tolerance limits, exposure to toxicants can 
increase adverse thermal effects. It is therefore generally expected that elevated temperatures will 
lead to increased internal toxicant concentrations due to amplified toxicant uptake rates leading to 
increased toxicity and adverse effects. However, elevated temperatures may also increase 
detoxification and elimination rates and thereby to some unknown extent counteract the adverse 
effects of the toxicant [Donker et al., 1998; Heugens et al., 2001; Smit & van Gestel, 1997]. In a 
review Heugens et al. (2001) found that the relationship between toxicants and temperature has 
mostly been examined with crustacea and fish as test organisms. In almost all experiments 
reviewed, thermal stress increased the adverse effects of substances, and experiments measuring 
the critical thermal maximum showed that exposure to toxicants decreased the ability of organisms 
to cope with elevated temperatures. Furthermore, a quantitative analysis suggested that effects of 
temperature on toxicity increase with exposure time. This is possibly because toxicant uptake rates 
are elevated at higher temperatures as a result of induction of metabolism, which will be 
pronounced during extended exposure [Heugens et al., 2001].  
 
Salinity 
Salinity fluctuations are as mentioned common in estuaries. Salinity tolerance appears to 
control species’ distributions and the ecological niche of species in estuaries. The importance of 
salinity in controlling species’ distribution can be enhanced or diminished by the co-occurrence of 
additional stress factors [Forbes, 1991]. Marine organisms are hypotonic (i.e. have a lower osmotic 
pressure in their blood) compared to the ambient water. The resulting osmotic pressure causes 
inflow of ions and loss of water to the environment. In order to compensate for this process the 
organisms absorb seawater and the excess ions are excreted [Heugens et al., 2001]. 
In a review, McLusky et al. (1986) found that in general, declining salinity caused an increase 
in acute toxicity and that organisms living close to their salinity limits were less tolerant to metal 
stress, which was explained by competition of metals with calcium and magnesium at uptake sites. 
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 Hall & Anderson (1995) found that for metals toxicity was generally correlated with 1) salinity and 
bioavailability and 2) free ion concentration, which will be higher at higher salinities. McLusky et 
al. (1986) observed no clear trend for salinity and organic chemicals except for organophosphate 
insecticides that showed a positive correlation between toxicity and salinity. Heugens et al. (2001) 
found that salinities outside the organism’s isosmotic point cause an increase in toxicity. A possible 
explanation for this is that lower energy intake and enlarged physiological cost of osmoregulation 
will result in a reduction in the organism’s fitness and thereby increase its sensitivity towards 
toxicants.  
Although some studies have considered the effects of a variety of toxicants on marine 
organisms, there are relatively few studies concerning estuarine species. The estimation of the 
effects of a certain pollutant on estuarine ecosystems has often been derived from experiments with 
marine organisms, which have been subjected to a combination of lowered salinity and toxicants, 
and generally not from comparative studies between estuarine organisms and their marine 
conspecifics in their respective environments [Tedengren et al., 1988]. As a consequence of coastal 
areas are most susceptible to pollution, Heugens et al. (2001) found that most literature concerning 
toxicity-salinity interactions considers estuarine organisms and most studies have been performed 
on crustaceans or fish. The interaction of salinity and toxicity is complex because it includes both, 
impacts of salinity on physiological processes of the organism and impacts of salinity on the 
toxicant itself [Heugens et al., 2001].  
 
Temperature and salinity 
The combined effect of salinity and temperature on toxicity is only considered in a very 
limited number of studies. In their review considering multiple stressors’ effects on aquatic 
organisms, Heugens et al. (2001) mentions that a general lack of information on the issue hinders 
detection of a clear relationship. They found that toxicity increased at high temperatures and 
salinities outside the organism’s isosmotic point. Furthermore effects of suboptimal salinities were 
worse at high temperatures as metabolic needs increased. 
Organisms living close to their environmental tolerance limits (i.e. the edge of the niche) 
appeared to be more vulnerable to additional chemical stress. Increasing temperature and 
decreasing food or nutrient level usually raised toxicity. The impact of salinity was less clear: metal 
toxicity increased with decreasing salinity, toxicity of organophosphate insecticides increased with 
higher salinity, while for other chemicals there was no clear relationship between toxicity and 
salinity [Heugens et al. 2001].  
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 5. The ecotoxicological study 
In the subsequent chapter the ecotoxicological study of this thesis is presented. First, the 
methods for the development and life-cycle test along with the demographic analysis applied in the 
study are described. Second the results of the development and life-cycle test are presented, and 
finally the results are discussed in the context of relevant ecotoxicological theory.  
5.1 Methods 
5.1.1  Development and life-cycle test with A. tonsa 
Treatments 
The ranges of experimental conditions were based on a literature review considering the 
ecology and biology of A. tonsa. The ranges of experimental temperatures and salinities were from 
12-22°C and 15-32‰  S, thereby covering both optimal and suboptimal conditions, which may 
occur in the natural environment. 
As part of the pilot experiments an acute toxicity test on A. tonsa with 3,5-DCP was 
performed. The LC50 and LC10 obtained in this acute test were compared to the results of a semi-
chronic larval-development study by Andersen et al. (2001), which also included an acute toxicity 
test. The LC50 and LC10 obtained in Andersen’s study (LC50=0.51 mg/l and LC10=0.28 mg/l) were 
compared with my own results (LC50=0.77 mg/l and LC10=0.44 mg/l mg/l). It became obvious that 
the strain of A. tonsa cultured at Roskilde University demonstrated a less sensitive response by 
approximately a factor of 1.6. In the semi-chronic larval-development study by Andersen et al. 
(2001), an EC10 =0.082 mg/l was determined. It was therefore decided to set the exposure level, 
based on the EC10 from Andersen’s study, adjusted by the sensitivity difference, to 0.14 mg/l 
(=1.6*0.082 mg/l). This effect level (EC10) is comparable with a LOEC and as such should not 
produce significant lethal effects, but sublethal effects could be expected. 
There were three types of treatments in the experiment; temperature, salinity and 3.5-DCP. 
Three temperature regimes and three salinity regimes were chosen (see table 5.1). Considering 3.5-
DCP, there were two exposure regimes; one without 3,5-dichlorophenol and one with 3,5-
dichlorophenol. The concentration of 3,5-DCP used in this experiment was 0.14 mg/l (nominal 
concentration). 
 
Table 5.1. The various treatments in the development and life-cycle test 
Salinity/ Temperature 12°C 17°C 22°C 
15‰ - 3.5-DCP + 3.5-DCP - 3.5-DCP + 3.5-DCP - 3.5-DCP + 3.5-DCP 
25‰ - 3.5-DCP + 3.5-DCP - 3.5-DCP + 3.5-DCP - 3.5-DCP + 3.5-DCP 
32‰ - 3.5-DCP + 3.5-DCP - 3.5-DCP + 3.5-DCP - 3.5-DCP + 3.5-DCP 
   ↓ 
Control 
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 The experiments were carried out at one temperature at the time and under a 12 h light: 12 h 
dark photoperiod. The treatment at 17°C, 32‰ S without 3.5-DCP exposure is defined as the 
control for the whole experiment, since this corresponds to the culturing conditions. It does not 
mean that these conditions are the most optimal or the ones which provide the greatest population 
growth rate for the copepods. But the copepods were cultured under these conditions for 
generations and were therefore accustomed to this temperature and salinity. In order to eliminate 
any possible difference between batches of eggs, the control was repeatedly carried out in a 
separate thermostated room when the experiments at 12 and 22°C were performed.  
 
Test solution and vessels  
The test compound 3,5-DCP was purchased from Sigma –Aldrich, Denmark and the indicated 
purity is 97%. The sample was from lot no. 15809KI444. 3,5-DCP (C6H4Cl2O) has a molecular 
weight of 163.01 g/mol, solubility in water of 0.7 g/100 ml (25°C) and Log kow of 3.23 [Gellert, 
2002; Hanna et al., 2004]. 
 A stock solution of 2.5 g/l was made in Milli Q water and placed on a magnetic stirrer for 6 
hours. The stock solution was subsequently divided in small 1 ml glass vials and frozen. This was 
done in order to ensure that fresh stock solution could be applied each time the test solution was 
renewed. 
For all the tests, 100 ml glass beakers were used. This was chosen after a pilot experiment 
showed no effect upon egg production of various exposure volumes (50-1000 ml). The test 
solutions consisted of aerated natural seawater. Depending on treatment, some of the test solutions 
were diluted with Milli Q water to achieve the desired salinity and added stock solution to result in 
the chosen exposure concentration. After receiving the proper treatment of test solution and 
eggs/organisms, the glass beakers were covered by glass lids to avoid evaporation and resulting 
effects on the exposure concentration or salinity.  
 
Renewal of media 
Media was renewed three times  a week by the aid of a siphon, with a 70μm net at the end. By 
gently siphoning the top of the water column, ≈ 80% of the old media was removed and the same 
amount of new freshly prepared media was carefully added along the side of the beaker. Any 
possible loss of the test compound due to evaporation or other processes was handled by adding 
fresh solution thereby re-establishing the chosen concentration. When the media was renewed, 
algae were added to the fresh test solution. Temperature, salinity, oxygen content and pH were 
measured in both new and old test media whenever the media was renewed throughout the 
exposure duration. 
 
Feeding 
The copepods were fed a diet of Rhodomonas salina during the test (see appendix 2 for 
culturing conditions of R. salina). The algae were up-concentrated by placing them without 
aeration in a 4°C room for 24 h. This caused the algae cells to sediment at the bottom of the 
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 vessels, and it allowed an up-concentrated amount of algae cells to be isolated from the rest of the 
contents. This procedure was necessary in order to minimise the amount of algae solution added 
and thereby the dilution of the test concentration.  
Feeding was carried out together with media changes three times a week, and the feeding 
regime was 50 x 103 cells/ml throughout the test. The density of the algae culture was measured by 
the use of an Electronic Particle Counter (Coulter Counter Z2 from Beckman Coulter Corporation). 
 
Life-cycle test 
The overall procedure for the development and life-cycle test follows the OECD Draft 
Guideline for development and reproduction test with Acartia tonsa [Kusk & Wollenberger, 2005], 
but with some modifications considered favourable for this particular purpose. The test is a full 
life-cycle test, where the organisms were exposed to various treatments from the egg stage to the 
adult egg producing stage. Development of early life stages, the onset of egg production and later 
stable egg production and survival were investigated. See appendix 3 for a schematically 
presentation of the experiments.  
The full life-cycle test consisted of three parts:  
 
(i) Larval Development Ratio (LDR) test  
(ii) Cohort exposure  
(iii) Egg production test  
 
The life-cycle test was carried out as one continuous test. The starting point was the cohort 
exposure and LDR test. Eggs harvested from a thriving and growing culture were divided into 
groups of approximately 20 and introduced to different exposure regimes. Under continuous 
exposure (static-renewal), the eggs were allowed to develop through naupliar and copepodite stages 
to the adult stage. From the cohort exposure, individual females for the egg production test were 
selected. The LDR was started at the same time and with eggs from the same batch as the basic 
exposure, but carried out separately to allow determination of early life stage development.  
 
LDR test  
The LDR test was carried out in 6 replicates. Approximately 20-30 (the exact number was 
recorded) eggs were added to 100 ml of test solution. Medium was renewed on day 3 by the 
approach mentioned earlier. At the end of the exposure periods on day 7, the organisms were fixed 
in Lugol´s solution and studied. Staining and consequently killing the copepods in Lugol’s solution 
facilitated the counting of copepods in different life-stages and unhatched eggs. 
Naupliar development was recorded on day 7, and was expressed as the ratio of copepodites 
to the total number (sum) of nauplii and copepodites alive at that point of the test. Nauplii mortality 
was observed along with the LDR. In total, the number of unhatched eggs, number of nauplii and 
copepodites and mortality was recorded. This part of the test was also used to check that the 
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 hatching percentage was ≥ 70% in the control. This was done by observing the total number (sum) 
of nauplii and copepodites alive at the end of the test compared to the number of eggs added and 
unhatched eggs.  
The following calculations were made based on this part of the test. 
 
Hatching success (in %):  
  
 
startat  eggs ofNumber 
100%  eggs) unhatched ofNumber  -start at  eggs of(Number ×  
 
Larval development ratio: 
 
 
s)copepodite ofNumber   nauplii of(Number 
scopepodite ofNumber 
+   
 
 Early life stage survival (ELSS): 
 
 
eggs) unhatched ofNumber  -start at  eggs of(Number 
s)copepodite ofNumber   nauplii of(Number +  
 
Cohort exposure 
The exposure was carried out in 10 replicates. 20-30 (the exact number was recorded) eggs 
were counted and added to 100 ml of test solution. The organisms were allowed to develop through 
naupliar and copepodite stages under continuous exposure. From day 8 and onwards the cohort 
exposures were examined in order to observe when eggs first could be detected. Treatments were 
considered sexually mature when the presence of eggs was observed in the majority of the 
replicates. When eggs were present, one fertilised female from each replicate was transferred to 
participate in the egg production test. At the end of the cohort exposure (day 11-14), copepods 
were fixed in Lugol´s solution and studied. Juvenile survival and time to first reproduction were 
observed and recorded. 
 
Egg production test 
Fecundity (number of female eggs per female per day) was measured on individually isolated 
female copepods. When eggs were present in the cohort exposure one fertilised female (a female 
carrying spermatophores) from each replicate in the cohort exposure was transferred to a 100 ml 
beaker with test solution. The egg production test was carried out over a period of 5 days. The 
female was transferred daily (at the same time), by the use of a wide bore pipette, to a new beaker 
with fresh medium and food, and the remaining eggs were counted. At the same time any mortality 
occurring among the females was recorded allowing adult survival to be determined. Fecundity 
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 was determined as the average number of eggs produced in 24 hours by one female divided by two 
(assuming a 1:1 female:male ratio).  
 
5.1.2 Demographic analysis 
In the following the approach for conducting demographic analysis on the endpoints obtained 
in the experiments is described. Demographic analyses provide the most complete picture of the 
population level consequences of individual responses to environmental stress [Caswell, 1996b]. 
However, the collection of demographic data is difficult, emphasising the importance of extracting 
the maximum information from the available data. Using LTREs or population based approaches 
and decomposition analyses to identify life-history traits responsible for environmental effects can 
help focus laboratory and field investigations on the life-history traits and life stages of greatest 
demographic significance. LTREs can help to identify suitable indicators of environmental stress in 
the field and aid selection of test species for laboratory bioassays [Caswell, 1996b; Levin et al., 
1996]. Employing population growth rate as an ecotoxicological effect endpoint has the advantage 
of integrating complex and/or conflicting effects of toxicants on individual life-history traits 
[Jensen et al., 2001].  
Firstly, the approach for calculating population growth rate via the simple two-stage model is 
depicted. Secondly, the method for determining the sensitivity of λ towards the various life-history 
traits and elasticity and decomposition analysis is explained and lastly the approach for deriving 
confidence intervals for λ is presented.  
 
Population growth rate 
The two-stage model 
In the simple two-stage life-history model, previously analysed by Calow and Sibly (1990), 
Lande (1988), Levin et al. (1996), Calow et al. (1997), Sibly et al., (2000) and others, individuals 
are classified as either juveniles (j) or adults (a). It takes juvenile organisms tj time unit to reach the 
age of first reproduction, at which they then produce F female offspring per time unit, potentially 
forever, but are subject to mortality. Adult survival between broods is denoted Sa and juvenile 
survival until first reproduction is Sj. 
 
 
               Sj                                                                Sa 
●                                      First breeding                     Second breeding                 …… 
                         Birth                      tj                    ↓                                ta                               ↓   
               F                                           F 
 
Illustration 5.1. The two-stage life-history. It takes juvenile organisms tj time to reach the age of first reproduction, at 
which they then produce F female offspring per time unit, potentially forever, but are subject to mortality. Adult 
survival between broods is Sa and juvenile survival until first reproduction is Sj. Adapted from Calow and Sibly (1990). 
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 For a two stage life-cycle, λ is calculated from the relevant form of the Euler-Lotka equation 
as the population’s multiplication rate, λ (=Nt+1/ Nt), given by the equation; 
aj tt −− += λλ aj SFS  1   
Where;  Sj = juvenile survival from birth to first reproduction, 
 tj = time to first reproduction,  
 Sa = average adult survival between time units, 
 ta = time between broods and 
 F = average number of female offspring per female per time unit  
[Calow et al, 1997; Calow & Sibly, 1990;Forbes et al., 2001a; Sibly et al., 2000]. 
In the life-cycle and development experiment of this thesis, tj was determined as the time 
from the start of exposure until the presence of eggs were observed, at this time the juvenile 
survival, Sj, was determined as the percentage survival in the cohort exposure. In the egg 
production test F was determined as the mean of the average number of eggs per female per 
treatment and Sa as the survival of the copepods during the egg production test. A. tonsa 
continuously release eggs consequently there is no specific time period between broods for this 
species. Thus it was decided to set ta to 1 day, which then was applied as the time interval between 
the harvesting and subsequent counting of the eggs.  
In order to simplify the mathematics it helps to define an extra variable pj, by the equation;  
jt
jj pS = ,  
pj is the juvenile survivorship between time units [Sibly et al., 2000]. Similarly adult 
survivorship can be determined but Sa would be the same as pa, because ta is set to 1 in my 
experiments, consequently the term Sa will be used in the remaining part of this thesis. 
 
Sensitivity, elasticity and decomposition analysis 
Sensitivity of λ to the life-history traits 
The sensitivities of λ with respect to small changes in life-history parameters indicate which 
parameter has the largest impact on the population growth rate [Lande, 1988]. The larger the value 
of the sensitivity, the greater the effect of a unit change on λ [Sibly & Smith, 1998]. Furthermore 
the sensitivities are important in calculating the standard error of λ and in assessing the effect of 
stochastic variation in life-history parameters on the long-term growth of the population [Lande, 
1988].  
For mathematical convenience the variable T can be defined by applying the equation; 
1 
aj pFS  
−+= tjjtT λ  
The sensitivities of λ to the life-history variables can be calculated by implicit differentiation 
as; 
T
S
F
jλ
δ
δλ =
 
 ↔ sensitivity to F 
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−
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 ↔ sensitivity to Sa 
[Caswell, 1996a; Forbes et al., 2001a; Sibly et al., 2000]. 
 
Elasticity analysis  
Survival, fecundity, and the two age parameters are measured in different non-comparable 
units, making it difficult if not impossible to compare treatment effects on these variables directly 
[Caswell, 1989a; 1996b]. However, by applying elasticity and decomposition analysis this problem 
can be avoided. Elasticity analysis allows a determination of the proportional sensitivity of λ to 
changes in life-history traits and is a unit-less measure. Sensitivity and elasticity analysis can be 
applied to identify potential management targets because changes in life-history traits with high 
sensitivity or elasticity will produce large changes in λ [Caswell, 2000]. Elasticity measures the 
proportional change in λ resulting from a proportional change in a given life-history trait, holding 
all other traits constant - meaning that elasticity analyses can be used to ask what would happen to 
λ if a life-history trait changed. If a trait has a large elasticity then relatively small proportional 
changes in the trait will have a relatively large influence on λ [Widarto et al., 2004]. Elasticities are 
obtained mathematically in terms of partial derivatives through the equation; 
 
⎟⎟⎠
⎞
⎜⎜⎝
⎛⎟⎠
⎞⎜⎝
⎛=
i
i
x x
xe
i  δ
δλ
λ ,          where xi ajj S ,p , tF, =  
[Forbes et al., 2001a]. 
 
Decomposition analysis 
The difference in λ between control and treatment shows how the treatment affects population 
growth rate but it does not indicate the cause of the observed effect [Caswell, 1989b; 1996a; 
1996b]. Decomposition analysis measures how much the effect on each life-history trait contributes 
to the overall impact on λ. Decomposition analysis can thereby aid in identifying the life-history 
parameters whose modifications by toxicants are responsible for the observed differences in 
population growth rate [Levin et al., 1996]. It is important to note that it is not always the most 
obvious effect of a toxicant on a life-history trait that is the source of the toxicant’s effect on λ. 
Sometimes, great effects on a single life-history trait only make small contributions to effects on λ, 
and smaller effects on a trait may be responsible for the effect on λ depending on the traits 
 49
 importance for the life-cycle (i.e. elasticity). Often effects on λ are a balance of positive and 
negative contributions from the same toxicant on the different life-history traits [Caswell, 1996a, 
1996b].   
Decomposition analysis is carried out by the following equations; 
 
↕
   ,
 p  t 
treatment tand controlc  ;S ,p , tF,   xre       Whe,
 ajji
a
a
j
j
j
j
ct
ic
it
i
ct
S
S
ptF
F
x
x
x
Δ×+Δ×+Δ×+Δ×+≈
===⎟⎟⎠
⎞
⎜⎜⎝
⎛×⎟⎟⎠
⎞
⎜⎜⎝
⎛∑=−
δ
δλ
δ
δλ
δ
δλ
δ
δλλλ
δ
δλλλ
 
[Caswell, 1996a; 1996b; Levin et al., 1996]. 
Where  , , , , ajj SptF ΔΔΔΔ  are the differences between the treatment and the control value 
for each parameter 
and 
2
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δ
δλ , is a “midway” value of the sensitivities for the treatment and the 
control [Caswell, 1996a]. 
Each term in the decomposition summation is the contribution of the difference in the specific 
life-history parameter to the overall effect of treatment t on λ. Comparison among these terms 
pinpoints the life-history trait where treatment effects have the greatest demographic consequences 
[Caswell, 1996a; Levin et al., 1996].  
 
Estimation of confidence intervals and significance 
In order to perform a risk assessment, the effect on λ has to be translated into consequences 
for population dynamics. This should be obtained by combining the effect-concentration on λ and 
the PEC. Both parameters have measurement errors associated with them and consequently λ 
should be presented with connected confidence limits [Calow et al., 1997]. In the following a 
simplified mathematical approach concerning how to derive confidence limits for λ is presented. 
Statistical analysis of demographic data is complicated because there are no simple results 
giving the distribution of demographic statistics such as λ or LTRE contributions in terms of the 
sampling distribution of the life-history parameters [Levin et al., 1996]. Estimates of λ are subject 
to uncertainties as a consequence of the uncertainties associated with the estimation of the 
individual life-history traits; fecundity, survival and growth. However, it is difficult to assign 
confidence limits on population growth rates because of the non-linear relationship between λ and 
the life-history traits [Alvarez-Buylla & Slatkin, 1993].  
The following analytical approximation of the standard error and confidence intervals of λ is 
based on the method used by Lande (1988) and Sibly et al. (2000);  
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 The variance of λ = 2
2
2
i
i
x
x ix
σδ
δλσ λ ∑ ⎟⎟⎠
⎞
⎜⎜⎝
⎛=   
Where xi represents each of the parameters and = the sampling variance of x2ixσ i estimated 
from n individuals in the population. Basically the approach builds the approximation on the 
standard error of the single parameters in the two-stage model. The standard error of F is calculated 
by the normal statistical approach. Due to the experimental conditions there is no standard error of 
tj. The standard error of both pj and Sa can be calculated using the following equation.  
The standard error of pi; n
pp
pSE iii
)1(
)( 
−=  
In order to clarify the calculations, an example with the results from the experiments is used; 
 
Table 5.2.  The method for deriving the variance of λ exemplified by the results of the control (the unexposed 17°C 
and 32‰ S treatment). 
17°C,  
32‰ S 
Estimate 
(xi) 
Standard Error 
of estimate 
Coefficient of 
variation CoV, % = 
SE (xi)/ xi
Sensitivity
ix∂
∂λ
 i
i
xiance
x
 var 
2
×
⎭⎬
⎫
⎩⎨
⎧
∂
∂λ
 
tj d 13 0 0 0.031130 0 
F d-1 30.612 1.818 5.93885 0.002765 2.5E-05 
pj d-1 0.9314 0.01516 1.62765 1.181426 0.00032 
Sa d-1 1 0 0 0.245044 0 
 
The variance of λ is the sum of the last column; σ (λ) = ∑ ×⎭⎬
⎫
⎩⎨
⎧
∂
∂
i
i
xiance
x
 var 
2λ = 0.00035; 
And the analytical approximation of the standard error of λ; SE (λ) = √ σ(λ) = 0.0186; 
 
95% confidence intervals = ( ) ( ) 042079.0262.2 ±=×±=×± λλ SESEtx  [Fowler et al., 
1998]. Values with non-overlapping confidence intervals can be used as a crude approximation for 
differences between treatments [Hansen et al., 1999a; Jensen et al., 2001; Levin et al., 1996]. 
 
5.1.3 Statistics 
Statistical tests were performed on the larval development ratio, early life stage survival, 
juvenile survival and fecundity. In order to determine if there was an interaction effect among the 
various treatments - temperature, salinity and toxicant exposure – three-way ANOVA (SYSTAT 
vers. 11.0, General Linear Model Analyses, Systat Software. Inc., Richmond, CA) was applied to 
the data. A significance level of p≤0.05 was used throughout the analyses.  In cases where a 
significant three-way interaction effect was absent the model could be reduced and it could be 
tested if there was a two-way interaction effect. In the event of interaction effects I applied a visual 
comparison of the graphs to evaluate trends and patterns and thereby assess if there was an effect of 
the single treatments. 
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 5.2 Results 
5.2.1 Test medium 
The experimental temperature did not differ among treatments or replicates within the 
experiments. Temperatures were maintained at 12.0±1°C, 17.0±1°C, and 22.0±1°C, respectively. 
pH did not vary and was found to be 8.00±0.3 throughout the exposure period. Salinity was 
adjusted prior to exposure and was not found to change during the exposure period. The dissolved 
oxygen concentration was at least 70% of the air saturation value throughout the exposure period. 
The concentration of 3,5-DCP at the start and end of the cohort exposure for the various 
experiments were measured by Eurofins Denmark A/S and are presented in table 5.3.  
 
Table 5.3. The measured concentrations of 3,5-DCP at the start (d=0) and the end (d=tj) of the cohort exposure in the 
various treatments in the development and life-cycle test. No organisms survived until time of first reproduction for 
the 12°C treatment and consequently these samples were not measured. 
12°C 17°C 22°C Salinity/ Temperature 
d = 0 d = tj d = 0 d = tj d = 0 d = tj
15‰ 0.17 mg/l - 0.17 mg/l 0.12 mg/l 0.19 mg/l 0.056 mg/l 
25‰ 0.16 mg/l - 0.18 mg/l 0.11 mg/l 0.15 mg/l 0.069 mg/l 
32‰ 0.18 mg/l - 0.17 mg/l 0.12 mg/l 0.19 mg/l 0.065 mg/l 
 
There were no major differences in the concentrations at the start of the cohort exposure. The 
concentration of 3,5-DCP was however reduced at the end of the exposure period in both the 17°C 
and the 22°C treatments - especially in the 22°C treatments.  
 
5.2.2 Life-cycle experiment  
The hatching percentage was ≥ 70% in the control for all three experiments, confirming that 
there were no significant differences between the batches of eggs used for the three experiments. 
For the 12°C experiment, there are only results for the early life-stage parameters because no 
organisms survived until the reproductive stage. For the 17°C and 22°C experiments, a full life-
cycle and egg production test was completed. All results are presented in the following. 
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 Early life stage development  
Figure 5.1 presents the calculated larval development ratio, which is a measure of 
developmental effects, measured as the ratio of copepodites compared to the total number of 
nauplii and copepodites alive at a particular point of the test (d 7). High larval development ratios 
indicate a high proportion of copepodites compared to nauplii, whereas a low ratio indicates the 
opposite relationship. Generally the larval development ratio was highest and less variable in the 
22°C treatments, lower and more variable in the 17°C treatments and has a value of 0 in the 
experiments carried out at 12°C, as no nauplii developed into copepodites. Both 17°C treatments 
and the toxicant exposed 22°C treatment had the greatest developmental ratio at 25‰ S and the 
lowest at 15‰ S. The 22°C treatment without toxicant exposure experienced a slight increase in 
development as a function of salinity. By applying a general linear model to the data I examined 
whether there were interaction effects of the various lines of treatment. A significant interaction 
effect on the development ratio of all three stressors in combination (p=0.001) was observed. This 
is actually the only examined test-parameter that showed an interaction effect of all three tested 
stress factors. A visual comparison of the various lines of treatment provides an indication that both 
salinity and temperature exert significant effects. Based on the graphs it appears as though there 
was an interaction effect of salinity and temperature because the development was considerably 
lower at 15 and 32‰ S at 17°C compared to the same salinities at 22°C and all treatments at 25‰ 
S. It does not seem as if the toxicant exposure resulted in much of an effect on its own but together 
with temperature there appear to be interaction effects. 
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Figure 5.1. The calculated Larval Development Ratio (LDR) observed in the experiments as a function of salinity; 
Treatments without toxicant exposure (A) and treatments with toxicant exposure (B). Exposed at the temperatures; 
12°C (triangles), 17°C (dots), and 22°C (squares). The lines combine treatments exposed at the same temperature. 
Results are presented as means with 95% confidence intervals. 
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 Time to first reproduction 
In figure 5.2 the time to first reproduction (tj) is shown. This is the time period from when the 
organisms first were exposed during the egg stage until they began to reproduce themselves i.e. 
release eggs. No variances were observed in the results due to the experimental set-up where 
treatments were considered sexually mature when the presence of eggs was observed in the 
majority of the replicates. For all the treatments there were eggs in almost all replicates 
simultaneously. The fastest development was found in the 22°C treatments without toxicant 
exposure followed by the 17°C treatment without toxicant. The two toxicant exposed treatments 
developed at an equal rate at 15 and 25‰ S, but the 22°C treatment reproduced for the first time 
two days earlier than the 17°C treatment at 32‰ S. The salinity gradients’ influence on 
developmental rate was considerable. At 15‰ S, the results were independent of treatment (14 d). 
At 25‰ S, the 22°C treatment without toxicant developed fastest (11 d) followed by the 17°C 
treatment without toxicant (12 d) and the two toxicant exposed treatments developed at an equal 
rate (13 d). At 32‰ S, the two 22°C treatments developed equally fast (12 d), followed by the 
17°C treatment without toxicant (13 d) and last 17°C with toxicant (14 d). 
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Figure 5.2. Time to first reproduction (tj) observed in the experiments as a function of salinity; Treatments without 
toxicant exposure (A) and treatments with toxicant exposure (B). Exposed at the temperatures; 17°C (dots), and 22°C 
(squares). The lines combine treatments exposed at the same temperature. There are no confidence intervals because of 
the experimental design, which yielded one value per treatment. 
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 Early life stage survival 
Figure 5.3 illustrates the early life stage survival (ELSS). This is proportional survival 
recorded at day 7 in the replicates used for the larval development test, but because this test was 
started simultaneously and with eggs from the same batch as the life-cycle test the survival 
recorded relates to the experiment as a whole. It is obvious that the experimental temperature had a 
big influence on the survival of the test organisms. The highest survival occurred in the 17°C 
treatment, followed by the 22°C and the lowest survival was recorded in the 12°C treatment. There 
was no general pattern concerning the effect of toxicant exposure on survival. The salinity 
gradient’s effect on the early life stage survival is ambiguous. In the 12°C toxicant exposed, and in 
both 22°C treatments, survival generally increased with increasing salinity. At 12°C the treatment 
without toxicant exposure experienced the highest survival at 25‰ S and the lowest at 15‰ S. 
There is no consistency in the treatments at 17°C; 25‰ S provides the lowest survival in the 
treatment without toxicant exposure and the highest in the toxicant exposed treatment. By 
application of the general linear model, no significant three-way treatment interaction effect 
(p=0.124) was detected. When applying the reduced model it was found that temperature and 
salinity exerted a significant interaction effect (p=0.010) on survival as well as toxicant exposure 
and salinity (p=0.042).  
 
 
15 25 32
0
20
40
60
80
100
Salinity (‰)
EL
SS
 (%
)
A
15 25 32
0
20
40
60
80
100
Salinity (‰)
EL
SS
 (%
)
B
EL
SS
 (%
)
EL
SS
 (%
)
 
Figure 5.3. Percentage survival in the early life-stages in the experiments as a function of salinity; Treatments without 
toxicant exposure (A) and treatments with toxicant exposure (B). Exposed at the temperatures; 12°C (triangles), 17°C 
(dots), and 22°C (squares). The lines combine treatments exposed at the same temperature. Results are presented as 
means with 95% confidence intervals. 
 
 
 
 
 55
 Juvenile survivorship 
The juvenile survivorship (pj) per day is illustrated in figure 5.4. The juvenile survivorship is 
calculated on the basis of the average juvenile survival (Sj) and time to first reproduction (tj) for 
each treatment and hence the patterns in this figure are similar to the patterns in figure 5.5. The 
highest survivorship was observed in the 17°C treatment and only minor differences were observed 
between the toxicant exposed and non-exposed treatment with the greatest survivorship occurring 
in the exposed treatment. The survivorship in the 22°C treatments was lower with the highest 
survival in the treatment without toxicant exposure compared to the toxicant exposed one. In the 
treatments exposed at 12°C, no organisms survived until sexual maturity. Considering the salinity 
gradient the greatest survivorship was generally observed at 25‰ S and lowest at 15‰ S. An 
exception to this was the 22°C treatment with toxicant exposure that exhibited an increase in 
survival as the salinity increased. 
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Figure 5.4. Juvenile survivorship (pj) per day as a function of salinity; Treatments without toxicant exposure (A) and 
treatments with toxicant exposure (B). Exposed at the temperatures; 12°C (triangles), 17°C (dots), and 22°C (squares). 
The lines combine treatments exposed at the same temperature. Results are presented as means with 95% confidence 
intervals. The confidence intervals are calculated by the approach mentioned in paragraph 5.1.2 pp. 51. 
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 Juvenile survival 
Figure 5.5 shows the juvenile survival (Sj) detected in the life-cycle experiment from the start 
of the experiment to the day of first reproduction (tj). The general pattern of Sj is the same as pj. 
The reason why Sj is depicted is that it describes the percentage survival and consequently can be 
directly compared to the early life-stage survival, and furthermore three-way ANOVA can only be 
applied to the raw data. For all salinity regimes the general trend and sequence in the juvenile 
survival is that the survival was greatest in the 17°C toxicant exposed treatment; followed by the 
17°C unexposed treatment; the 22°C unexposed treatment - and lastly - the lowest survival 
occurred in the 22°C toxicant exposed treatment. Considering the salinity gradient the greatest 
survival was generally observed at 25 and 32‰ S and lowest at 15‰ S. The general linear model 
shows that there was no significant three-way interaction effect (p=0.158). There was, however, an 
interaction effect of the two stressors temperature and salinity (p=0.026) and an interaction effect 
of temperature and toxic stress on the copepods’ survival (p=0.008). 
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Figure 5.5. Percentage survival until first reproduction (Sj) as a function of salinity; Treatments without toxicant 
exposure (A) and treatments with toxicant exposure (B). Exposed at the temperatures; 12°C (triangles), 17°C (dots), 
and 22°C (squares). The lines combine treatments exposed at the same temperature. Results are presented as means 
with 95% confidence intervals. 
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  Adult survival 
Figure 5.6 presents the adult survival (Sa) in the experimental treatments. The general trend is 
that temperature and salinity were decisive for the survival pattern compared to the toxicant 
treatment - for the 17°C temperature treatment the adult survival followed the same pattern for all 
tested salinities, almost independent of the toxicant factor. There was a limited increase in survival 
at 15 and 25‰ S in the toxicant exposed treatment compared to the unexposed treatment and an 
equal maximum survival of 100% at 32‰ S. For the 22°C temperature treatment the unexposed 
and exposed treatments also followed the same pattern, with the toxicant exposed group 
experiencing the lowest survival. At 25‰ S, the lowest adult survival was encountered (88,3 and 
79,6%, respectively). At 32‰ S, the survival was independent of the toxicant exposure and was 
approximately 92% for both treatments. At 15‰ S, the highest adult survival of the 22°C 
treatments was ≈96%, which was almost the same as the survival of the 17°C treatment and all the 
treatments at 15‰ S.  
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Figure 5.6. Adult survival (Sa) per day during the egg production test as a function of salinity; Treatments without 
toxicant exposure (A) and treatments with toxicant exposure (B). Exposed at the temperatures; 17°C (dots), and 22°C 
(squares). The lines combine treatments exposed at the same temperature. Results are presented as means with 95% 
confidence intervals. The confidence intervals are calculated by the approach mentioned in paragraph 5.1.2 pp. 51. 
 
 
 
 
 
 
 58 
 Fecundity 
The fecundity (F) is depicted in figure 5.7. The organisms exposed at 17°C had the greatest 
reproductive output compared to the organisms exposed at 22°C and for both temperature 
treatments the toxicological stress triggered a lowered fecundity. There was a rise in fecundity as 
salinity increased for all comparable treatments except for the one at 17°C with toxic stress, which 
experienced the highest fecundity at 25‰ S. By applying a general linear model to the fecundity 
data I detected no significant three-way interaction effect (p=0.278). When the model was reduced 
it showed a significant (p=0.05) interaction effect of salinity and temperature. 
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Figure 5.7. Fecundity (F) as the average number of female offspring per female produced during the egg production 
test, as function of salinity; Treatments without toxicant exposure (A) and treatments with toxicant exposure (B). 
Exposed at the temperatures; 17°C (dots), and 22°C (squares). The lines combine treatments exposed at the same 
temperature. Results are presented as means with 95% confidence intervals. 
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 Population growth rate 
In figure 5.8 the calculated population growth rate (λ) under the various treatments is 
illustrated. The general trend of λ-values according to temperature and toxicant exposure is that λ is 
greatest in the 17°C treatment without toxicant exposure, followed by the 17°C toxicant exposed 
and 22°C unexposed treatments and finally, with the lowest population growth rate, the 22°C 
toxicant exposed treatment. For all comparable treatments the salinity stress at 15‰ S was 
associated with the lowest value of λ.  The largest population growth rate occurred at 25‰ S for 
the three following treatments; unexposed 17°C, toxicant exposed 17°C, and unexposed 22°C, 
which all had an intermediate growth rate at 32‰ S. The 22°C toxicant exposed treatment showed 
an increased population growth rate as a function of salinity with the greatest value of λ at 32‰ S. 
As mentioned in paragraph 5.1.2, values with non-overlapping confidence intervals are 
generally defined as being significantly different from one another. Following this definition I 
determined that the value of λ only varied significantly between a few of the treatments. There was 
a significant difference between the 22°C toxicant exposed treatment and the 17°C treatment 
without toxicant at 15‰ S and the 22°C toxicant exposed treatment and both 17°C treatments at 
25‰ S. There was a significant difference in λ between the 15‰ S and the 25‰ S treatments in 
the 17°C toxicant exposed line. At 32‰ S, none of the treatments varied significantly.   
There are larger confidence intervals for the 22°C treatments than the 17°C treatments, which 
illustrates the greater inter-individual variance observed in this treatment.  
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Figure 5.8. Population growth rate (λ) per day as a function of salinity; Treatments without toxicant exposure (A) and 
treatments with toxicant exposure (B). Exposed at the temperatures; 17°C (dots), and 22°C (squares). The lines 
combine treatments exposed at the same temperature. Results are presented as means with 95% confidence intervals. 
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 Elasticity analysis 
The elasticity of λ with respect to the life-history traits is presented in figure 5.9. In order to 
aid the visual comparisons, time to first reproduction was given a positive value even though the 
elasticity of tj is negative. 
The elasticity analysis shows that λ was most sensitive towards changes in juvenile 
survivorship, which is almost three times as important as any of the other traits. λ was more 
sensitive towards changes in time to first reproduction than adult survival and of all four traits λ 
was the least sensitive to fecundity. Considering the experimental treatment effects on the elasticity 
it does not seem as if any of the stress factors had an effect on the elasticity with regard to 
fecundity. For the adult survival it appears as though the lowest salinity treatment of 15‰ S caused 
an increase in the elasticity of Sa with respect to λ. The opposite trend is observed for the elasticity 
of λ with respect to time to first reproduction where the lowest values were experienced at the 
lowest salinity.  This was also the case for the juvenile survivorship, and this trend was stronger in 
the treatments at 22°C and strongest in the toxicant exposed treatment. 
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Figure 5.9. Elasticity analysis as a function of salinity. Treatments without toxicant exposure (left) and with toxicant 
exposure (right); exposed at the temperatures; 17°C (top), 22°C (bottom). Elasticity of λ in regard to, juvenile 
survivorship (triangles), time to first reproduction (squares), adult survival (cross) and fecundity (dots). 
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 Decomposition analysis 
The results of the decomposition analysis are presented in figure 5.10. When considering the 
contribution of the life-history traits to the observed difference in λ between control and 
experimental treatments it is difficult to find any general trend that applies for all treatments. It is 
therefore considered more appropriate to consider the result of the decomposition analysis one 
temperature treatment at the time. 
For the 17°C treatments, no general conclusion can be made. For the treatments without 
toxicant exposure and 15‰ S, all contributions were negative and in the sequence juvenile 
survivorship > time to first reproduction >fecundity > adult survival. For the 25‰ S treatment, 
time to first reproduction and juvenile survivorship contributed positively and in that sequence to 
the observed difference in λ. Less important and negative contributors were fecundity and adult 
survival. For the toxicant exposed treatment at 15 ‰ S, contributors were all negative and in the 
sequence fecundity > juvenile survivorship > time to first reproduction > adult survival. For the 
25‰ S, the largest contributor was the juvenile survivorship, which contributed positively. The 
only other contributor to the difference in λ is fecundity, which has a negative contribution. The 
reason why there were no contributions from time to first reproduction and adult survival is that the 
values of these are identical with those of the control for this treatment. In the 32‰ S treatment, 
the greatest difference in λ was caused by time to first reproduction followed by fecundity, both 
were negative contributors. Finally, juvenile survivorship provided a positive contribution to λ and 
adult survival was the same as for the control. 
The general trend for the 22°C treatments is that fecundity is the parameter that contributed 
the most to the difference in λ between the control and all the various treatments. For both the 
unexposed and toxicant exposed 15‰ S treatment, the second most important contributor was 
juvenile survivorship followed by time to first reproduction and the adult survival contributed the 
least. For 25 and 32‰ S without toxicant exposure and 32‰ S with toxicant exposure, time to 
first reproduction was the second largest contributor and it contributed positively as the only trait in 
this temperature treatment. This was followed by the adult survival and as the least important 
contributor juvenile survivorship. For the 25‰ S toxicant-exposed treatment, tj was the same as for 
the control and consequently the second largest contributor was adult survival followed by the 
juvenile survivorship. 
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Figure 5.10. Decomposition analysis. Treatments without toxicant exposure (left) and with toxicant exposure (right); 
exposed at the temperatures; 17°C (top), 22°C (bottom).  The contribution of fecundity (■) , time to first reproduction 
(■), juvenile survivorship(□) and adult survival (■) to the difference in λ between the control treatment (17°C, 32‰, ÷ 
3,5-DCP) and the various other treatments.    
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 5.2.3 Summary 
There are many results in the ecotoxicological study and it can be difficult to keep all the 
comparisons and trends separated and clear. In order to provide clarity a simple way of viewing the 
data has been constructed in two summary tables.  
Table 5.4 outlines which effect-parameter was significantly affected by main or interaction 
effects. 
 
Table 5.4.  Summary table of significant interaction effects and main effects of the various treatments; temperature 
(T), salinity (S) and toxicant exposure (TOX). Statistically significant effects (√) classification of significant effect is 
based on a visual evaluation (#). 
Significant interaction effects and effects of the single treatments 
 T*S*TOX T*S T*TOX S*TOX T S TOX 
LDR √ # #  # #  
tj     # #  
ELSS  √  √ # #  
Sj  √ √  # #  
Sa        
F  √   # # # 
Λ  # ≠  # #  
 
 
Table 5.5 summarises the results of the life-cycle test and shows the percentage impact of the 
various treatments compared to the control.  
 
Table 5.5. The percentage impact on the life-history traits and λ between treatment and control (17°C, 32‰ S,
without 3.5-DCP exposure) under the various experimental conditions. The negative results indicate a negative effect 
in the life-history trait or λ in the treatment compared to the control. 
Percentage impact on the various life-history traits and λ on treatments compared to the control 
Treatment 
17°C 22°C 
  with 3,5-DCP   with 3,5-DCP 
Life-history trait 15‰ 25‰ 32‰ 15‰ 25‰ 32‰ 15‰ 25‰ 32‰ 15‰ 25‰ 32‰ 
F -26.6 -11.7 0.0 -54.1 -11.1 -26.6 -62.6 -46.3 -36.2 -77.3 -56.6 -53.5 
tj -7.7 7.7 0.0 -7.7 0.0 -7.7 -7.7 15.4 7.7 -7.7 0.0 7.7 
pj -3.2 1.4 0.0 -2.9 2.7 1.2 -5.7 -0.4 -0.9 -9.6 -2.9 -0.8 
Sa -4.2 -4.0 0.0 -2.0 -0.0 0.0 -2.0 -11.7 -9.2 -4.2 -20.4 -11.7 
Λ -7.1 2.1 0.0 -8.9 1.4 -2.9 -11.9 -1.7 -2.3 -17.3 -10.8 -5.5 
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 5.3 Discussion of the results 
 
The results of the ecotoxicological study show that natural stress in the form of suboptimal 
temperature and salinity conditions affects the response patterns of A. tonsa towards the model 
toxicant. There was found to be interaction effects of the three stressors – temperature, salinity and 
toxicological stress. In one case there was a three-way interaction effect of the stressors and in 
other cases two-way interaction effects occurred. The results indicate that toxicological stress can 
interact with environmental stress factors, and produce significant effects through this interaction 
even under conditions where the individual effect of the toxicant is non-detectable. It was further 
found that the effect on single life-history traits in some cases was considerably larger than the 
effect on the integrated population growth rate.  
 
5.3.1 Developmental aspects 
In order to evaluate the effects of the various treatments upon developmental aspects, the 
results of the larval development ratio (figure 5.1) and the time to first reproduction (figure 5.2) are 
compared.  
In the larval development ratio, an increased pace in development was observed in the 
treatment at 22°C compared to the treatments at 12 and 17°C. Furthermore, the lowest salinity 
tested seemed to have a profound effect on the development of nauplii into copepodites. This is in 
contradiction with the findings of Chinnery & Williams (2004), who - for A. tonsa from Solent-
Southampton Water estuary (UK) - found that developmental time until the first copepodite stage 
was 7.7-8.7 days at 20°C, and that naupliar development time was not affected by the tested 
salinities (15.5-33.3‰ S). Our strain of A. tonsa was affected by suboptimal salinity (15‰) and 
developed somewhat faster. This could be explained by the origin of the strain (Kattegat) and that 
the copepods through generations have been kept at 17°C and have adapted to this temperature. 
The LDR was determined on day 7, and a considerable portion of the organisms had developed into 
copepodites at this time both at 22 and 17°C. Toudal & Riisgård (1987) found increasingly longer 
developmental times in A. tonsa at higher salinities. However, the strain of organisms they tested 
was accustomed to a salinity of 16 ‰ S, and as such was stressed at the highest tested salinity of 
25‰ S.  
The common trend for LDR and tj is that the 25‰ S treatments provided the fastest 
development illustrated by the peaks in figures 5.1 and 5.2. Even though the copepods were 
accustomed to 32‰ S they responded positively to an intermediate salinity, possibly as a result of 
less energy being invested in osmoregulatory processes. The only exception to the general 
enhanced development at 25‰ S is the toxicant exposed treatment at 22°C. This treatment differed 
markedly from the other treatments by reaching time of first reproduction faster as a response to 
increasing salinity. At 15‰ S, all treatments reached the time of first reproduction at an equal rate 
independent of temperature.  The organisms may have been so stressed that they were unable to 
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 benefit from the increased temperature at this low salinity. The fastest development in the 
experiments occurred at 25‰ S, 22°C without toxicant exposure. This - in itself - is hardly 
surprising, but the fact that the treatment at the same temperature and salinity with toxicant 
exposure is two days slower in its development was not expected. The effects of the toxic exposure 
on most of the tested effect-parameters are either limited or non-existent, so this two-day time gap 
as a consequence of exposure is an exception from the general trend observed in the experiments. 
Especially, when considering the measured concentrations of the toxicant, which were considerable 
lower in the 22°C treatments at the end of the exposure period than at the beginning. The reduction 
in 3,5-DCP concentration indicate that the substance evaporates as a consequence of the increased 
temperature compared to the 17°C treatments, which experienced a lower concentration reduction 
at the end of the cohort exposure. The media were renewed three times a week so the exposure 
concentration would be re-established shortly before decreasing again. Despite of this possible 
lower exposure concentration the toxicant still exercised an effect. Another possibility could be that 
the organisms in the 22°C treatments experienced a greater degree of stress because the organisms 
did not have opportunity to adjust to the toxicant exposure and consequently continuously would 
be stressed when the media was renewed and the toxicant concentration re-established - instead of 
static-renewal exposure they experienced a kind of pulse-exposure. The toxicant’s effect on 
developmental time depends on the toxic mode of action. It appears as though 3,5-DCP had an 
effect upon the developmental time (see figure 5.2), but the toxic mode of action of 3,5-DCP is not 
reported in the literature so any specific explanation cannot be given.   
The enhanced development rate observed in the 22°C treatments in the LDR tests appears to 
continue until first reproduction, illustrated by the fast developmental time (tj) for all 22°C 
treatments except the treatments at 25‰ S with toxicant exposure. One confounding aspect is that 
for the larval developmental ratio salinity did not appear to have much of an impact at 22°C, 
whereas the impact was much greater at 17°C. The opposite appears to be the case for the time to 
first reproduction, which showed a three-day interval between the 15 and 25‰ S at 22°C without 
toxicant exposure, whereas the largest interval for the 17°C treatment was two days between the 15 
and 25‰ S without toxicant exposure.   
Based on observations of developmentally-relevant parameters an increase in developmental 
rate as a result of an increase in experimental temperature and a decrease as a result of suboptimal 
salinity can be expected. But it is difficult to say anything definite about the interaction effect of 
these two natural stressors on development. The toxicant’s effect only appeared to be significant in 
interaction with either temperature, or temperature and salinity. This is a possible pitfall of the 
general risk assessment procedures since the lack of a significant toxicological effect would stop 
the process, even though the toxicant still could be able to exhibit a toxicological effect through 
interaction with natural stressors.  
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 5.3.2 Survival 
In the performed experiments three different survival-parameters were determined. These are: 
early life-stage survival from the start of exposure to day 7 (ELSS in figure 5.3), juvenile survival 
or survivorship from the start of exposure to the day of first reproduction (pj and Sj in figure 5.4 
and 5.5) and adult survival during the egg production test (Sa in figure 5.6). Together these 
survival-parameters cover the entire life-cycle of A. tonsa, and by comparing these it becomes 
possible to evaluate the treatments’ impacts on survival capabilities at different periods of the life-
cycle.  
 
Early life-stage survival 
There was a very high mortality (54-96%) in all 12°C treatments at the end of the larval 
development test and no organisms survived until first reproduction (figure 5.3). This is an 
intriguing result considering the temperatures in the Danish open waters where temperatures of this 
magnitude are encountered regularly. The organisms’ distribution and consequent realised 
ecological niche are in the literature found to be under temperature control [Arndt & Schnese, 
1986; Conover, 1956], and that is confirmed by these results. The distribution of A. tonsa in Danish 
waters must therefore be expected to be seasonal and follow the temperature of the ambient water 
with highest distributions in temperate waters with intermediate temperatures (around 17°C), and 
seasonal peaks during the late summer months. During the winter the density could be close to zero 
and the populations only maintained because of resting eggs. In estuarine waters temperature can 
be higher both during winter as a result of wastewater discharges, and during spring and summer as 
a result of solar heating of the water column. Scientists, who have explored this subject, have found 
that the density of zooplankton in general and A. tonsa in particular follows the seasonal cycle as a 
result of ambient temperature [Kiørboe et al., 1988; Pastorinho et al., 2003]. For instance Kiørboe 
et al. (1988) found that variations in fecundity on a seasonal basis were connected to temperature 
rather than abundance of phytoplankton. Similarly, Ambler (1986) found that seasonal temperature 
fluctuations are the main determinant of the fecundity of A.tonsa. The literature does not provide a 
definite indication of the optimum temperature for the growth of A. tonsa. It depends on the strain 
of A. tonsa, the culturing conditions (acclimation) and other factors. The general trend in the 
literature does however place the optimum around 25°C. In contrast to this, my experiments show a 
suppressed population growth rate at 22°C compared to that of 17°C. This could be a sign that the 
copepods are adjusted to the Danish waters and therefore prefer lower/intermediate temperatures, 
which often can be encountered in the northern part of Europe. 
The early life stage survival (see figure 5.3) clearly demonstrates the profound effect of 
temperature on survival. In the literature, the general trend is that temperature has a strong 
regulatory role on the survival of organisms, and on the toxic effect concentrations of chemicals on 
organisms. For instance Toudal & Riisgård (1987) found that the acute toxic effect of cadmium on 
A. tonsa was influenced by both temperature and salinity. Larrain et al. (1998) found that for the 
harpactoid copepod Tisbe longicornis the sensitivity towards K2Cr2O7 increased with temperature 
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 to the point that LC50 decreased by more than half with an increase in temperature from 13° to 
20°C (100 and 22 ppm, respectively). Marumo et al. (1992) found that chlorine tolerance of 
Acartia omorii was reduced at elevated temperatures. Moraïtou-Apostolopoulou & Verriopoulos 
(1982) found that elevated temperatures resulted in considerable increase of the sensitivity of 
Acartia clausi towards chromium. The sensitivity of freshwater calanoid copepod Diaptomus 
clavipes towards acridine increased as temperature increased from 16 to 21°C [Cooney et al., 
1984]. Similar results have been obtained by other authors, which suggests that temperature is 
among the most important environmental factors that influence sensitivity towards toxic 
compounds [Cooney et al., 1983; 1984; Damgaard & Davenport, 1994; Folt et al., 1999; Gilbert, 
1996; Lethinen et al., 1984; Lewis & Horning, 1991; Verriopoulos & Moraïtou-Apostolopoulou, 
1981]. Looking at my results in figure 5.3B, it appears as if the effect of 3,5-DCP was clearly 
temperature dependent, but when figure 5.3A is consulted it becomes clear that it in fact was the 
effect of the temperature that caused the effect. This raises the question whether the observed 
increase in toxicity at elevated temperatures was a result of lowered organism fitness at higher 
temperatures. There was no interaction effect of the toxicant and temperature on ELSS, so this may 
very well be the case. There was, however, an interaction effect of temperature and toxicity when 
the exposure duration was prolonged to the time of first reproduction i.e. the juvenile survival (see 
figure 5.5). Nevertheless, the effect is ambiguous when considering that there was an increased 
survival for the toxicant exposed 17°C, 25‰ S treatment and a lowered survival in the toxicant 
exposed 22°C, 25‰ S treatment compared to the corresponding unexposed treatments. 
 
Juvenile survivorship 
Considering the juvenile survivorship (figure 5.4) the general pattern is that the greatest 
survivorship occurred at the intermediate salinity. However, for the 22°C toxicant exposed 
treatment the juvenile survival increased as a function of salinity. Kusk & Petersen (1997) tested 
the acute toxicity of linear alkylbenzene sulfonate and tributyltin towards A. tonsa at two salinities 
(18 and 28‰ S). They found that linear alkylbenzene sulfonate was slightly more toxic at the low 
salinity relative to the higher salinity and that tributyltin was significantly more toxic at the higher 
salinity. Tester & Turner (1991) found highest survival at intermediary salinities. They mention 
that early naupliar stages of A. tonsa can osmoregulate, and even though the first naupliar stage is a 
non-feeding stage the naupliar drinks, which enhance their ability to survive at higher salinities 
[Tester & Turner, 1991]. The effect of salinity depends on the salinity the organism is accustomed 
to, and on the properties of the substance in question. There is, however, no doubt that the effect of 
salinity on toxicity can be comprehensive, and that it is a factor that should be accounted for when 
assessing the risk of chemicals in estuaries.  
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 Adult survival 
Although none of the results for the adult survival are significantly different from one another 
(note the 95% confidence intervals on figure 5.6), there are some interesting trends worth noticing. 
An interesting point is that at 15‰ S, which is the most stressful salinity tested, the survival was 
almost identical for the 17 and 22°C treatments. There was a greater difference in adult survival at 
32‰ S, and even greater at 25‰ S between the two temperatures, with the greatest survival 
occurring at the 17°C treatment. A possible explanation for this phenomenon may be that there is a 
greater selection of stronger and treatment-resistant organisms in the 15‰, 22°C treatment. This 
means that the individuals that survive until the egg production test are stronger and more toxicant 
resistant because of the selection that already has occurred [Bechmann, 1994]. At 17°C and at the 
other salinity regimes at 22°C a greater proportion of the individuals survived until the 
reproductive stage, and therefore the adult survival among these is more illustrative of the actual 
effect of the treatments on an average organism. During the egg production test the copepods were 
transferred daily to new media, so during this part of the life-cycle test the exposure concentration 
should not have been different among any of the treatments. The toxicant effect on adult survival 
was quite weak or non-detectable for both test temperatures, with the greatest difference occurring 
at 25‰ S. In the 17°C treatments, the survival was highest in the toxicant exposed treatment 
whereas the survival was highest for the non-toxic treatment at 22°C. This may be simply 
coincidental and does not appear to be a significant toxic effect. 
 
Survival capabilities throughout the life-cycle 
When comparing the three different survival curves (figure 5.3-5.6) it is interesting to note 
how the shape of the survival curves depends on when in the organisms’ life-cycle the survival is 
recorded.  Especially, it is noteworthy how much lower the survival was at the time of first 
reproduction compared to a week into the exposure, even for the control treatment. In the 
treatments exposed at 17°C, salinity did not appear to have much influence on early life stage 
survival, whereas the effect of the salinity gradient was stronger at 12 and 22°C. Chinnery & 
Williams (2004) observed that at 20°C the survival of A. tonsa nauplii was greatest in full strength 
seawater and the survival declined with decreasing salinity. They noted that temperature generally 
had a more definite effect on the length of larval development rather than on mortality, and in their 
study, temperature clearly had a less pronounced effect on naupliar survival than salinity [Chinnery 
& Williams, 2004]. In my experiments, I have actually found the opposite to be true. The 
experimental temperature appears to have had a greater impact on ELSS than the experimental 
salinity (figure 5.3). The salinity effect was, however, stronger in the toxicant exposed treatments, 
but still not as profound as the effect of temperature. There is an interaction effect of salinity and 
toxicity, which is clearly illustrated in figure 5.3. It is obvious when comparing part A and B of the 
figure that the salinity has a much stronger effect in the toxicant exposed treatments.  
The salinity gradient impacted both temperature treatments in the time period from the start 
of exposure to time of first reproduction (figures 5.3 and 5.5). For the 22°C treatment, survival 
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 increased with increasing salinity seven days into the exposure (ELSS) but at the time of first 
reproduction the curve was broken in the opposite direction for the unexposed treatment, which had 
the largest survival at 25‰ S. The highest survival was encountered at 17°C in both time periods 
with a somewhat higher survival in the toxicant exposed treatment.  
The adult survival curve (figure 5.6) is difficult to compare directly to the two juvenile curves 
because the female copepods were individually exposed at this point of the test, compared to the 
cohort exposure in the previous part of the test. But generally there is a low mortality in this part of 
the experiments. The greater sensitivity of the earlier life-stages relative to the adult stage agrees 
with previous published results (Barata et al., 2002; Bushong et al., 1990; Medina et al., 2002). 
Medina et al. (2002) found that the acute toxic responses of individuals vary among life-stage, with 
nauplii being significantly more sensitive than adults. Several explanations for the age-related 
variation in toxicological sensitivity are given. Firstly, the advanced developmental state of adult 
copepods could imply more developed detoxification mechanisms. Secondly, allometric or size-
related differences between copepods and nauplii mean less contact area with toxic chemicals of 
the former in relation with their volume. Finally, molting is more frequent in nauplii. The molting 
process is particularly susceptible to environmental conditions and toxic substances. Lance (1964) 
found that the copepodite stages CI-IV was more sensitive towards lowered salinities than adults. 
Cervetto et al. (1999) found survival of copepodites to salinity change was clearly inferior to that 
of the adults, thereby corroborating the results of Lance (1964). Greater sensitivity of earlier 
developmental stages of A. tonsa towards variations in temperature and salinity has been shown by 
Conover (1956), Tester & Turner (1991) and Cervetto et al. (1999). Consequently, the nauplii in 
my experiments have been under conditions of considerable stress when exposed to suboptimal 
temperature, salinity and additional toxicant exposure, which explains the high juvenile mortality 
(figure 5.3- 5.5) compared to the adults’ mortality (figure 5.6). Another explanation to the 
enhanced survival in the adult phase may be the natural selection explained before, which results in 
only stronger individuals making it to the adult phase in the most stressed treatments. It may also 
simply be due to experimental artefacts because when the females were selected for the egg test, 
actively swimming females carrying spermatophores were chosen, which may have given 
preference for females who were larger, stronger and fitter than the average organism.  
All survival curves show the greatest survival in the 17°C toxicant exposed treatment, 
followed by 17°C without toxicant exposure. For pj and Sa the 22°C treatment without toxicant 
exposure experienced a higher survival than 22°C with toxicant exposure, but for the ELSS the 
opposite relationship was observed. There appeared to be a significant effect of the two naturally 
occurring stressors salinity and temperature on both juvenile survival parameters. A statistically 
significant interaction effect of salinity and temperature was furthermore detected. However, for 
the ELSS there is a significant interaction effect of salinity and toxicity, and at the time of first 
reproduction of temperature and toxicity. This intriguing phenomenon of variable interaction 
effects is difficult to explain, but nevertheless it emphasises that toxicological stress can interact 
with environmental stress factors and through this interaction produces significant effects even 
under conditions where the individual effect of the toxicant is non-detectable. 
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 5.3.3 Fecundity 
An adult A. tonsa female in good condition will only experience growth in the form of egg 
production, since somatic growth is limited in the absence of molting [Kiørboe et al., 1985]. This 
means that all energy resources acquired by adult females are potentially available for maintenance 
and reproduction and can be invested in egg production as soon as food conditions become 
favourable [Barata et al., 2002; Jónasdóttir, 1994: Kiørboe et al., 1985]. According to Barata et al. 
(2002) long-term toxic effects on fecundity responses are consequently likely to be related to 
sublethal effects on feeding rate. Fecundity is the only one of the examined effect-parameters that 
appeared to be directly affected by the toxicant exposure. A possible explanation for this - 
following the argument of Barata et al. (2002) - could be that the toxicant affected the feeding rate 
of the copepods. The observed fecundity (figure 5.7) was higher at 17°C compared to 22°C, which 
indicates that 22°C is suboptimal for the reproduction of A. tonsa. In accordance with this Kleppel 
(1992) found indications that ingestion and egg production increased over a temperature range 
from approximately 15-20°C. Above 21°C, ingestion and egg production rates appeared to be 
independent of temperature, leading Kleppel (1992) to conclude that food concentration was most 
important to egg production at temperatures above 21°C, and below 21°C egg production depended 
more upon temperature than food concentration [Kleppel, 1992]. Stearns et al. (1989) mentions 
that for a poikilotherm like A. tonsa, a higher water temperature may result in a higher metabolic 
rate with more energy being used for metabolic maintenance and consequently less energy being 
available for egg production. This is consistent with the findings in the experiments of this thesis 
and those of Heinle (1969), Purcell et al. (1994), White and Roman (1992) and Holste & Peck 
(2006). Heinle (1969) reported reduced growth rates at temperatures above 30°C. Purcell et al. 
(1994) and White and Roman (1992) found that egg production increased with temperature to a 
value near 27°C and decreased at higher temperatures. Holste & Peck (2006) found an observed 
maximum egg production at 22.9°C and predicted the most optimal temperature for egg production 
for their Baltic strain of A.tonsa to be 24.8°C. They observed a rapid decrease in egg production at 
temperatures above 25°C. However, Ambler (1985) did not find any rate depression of egg 
production at temperatures reaching 28-30°C.  
The temperature at which rate depression can be observed depends on the type of copepod 
(tropical, temperate, etc.) and can vary from around 20°C to 35°C. Arndt and Schnese (1986) 
reported that temperature was the most important factor governing changes in instantaneous rates 
of recruitment in Darss-Zingst estuary in the southern Baltic. In an analysis of 181 published 
estimates of generation time for 33 copepod species at temperatures ranging from -1.7 to 30.7°C, 
Huntley and Lopez (1992) calculated that temperature alone explains more than 90% of the 
variance in physiological growth rate. They argued that temperature has a direct effect on 
metabolic activity (oxygen consumption, ingestion, excretion), and consequently influences 
reproduction, growth and longevity. The temperature optimum depends on the origin of the tested 
strain of A. tonsa. The most optimal temperature for egg production of the strain of A. tonsa tested 
in this thesis appears to be somewhere between 17 and 22°C. 
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 The general pattern for the fecundity results when considering the salinity gradient was that a 
rise in salinity had a positive impact on reproductive output. The only exception to this general rule 
is the 25‰ S, 17°C, toxicant exposed treatment. If this particular point in the figure was ignored 
and a line was drawn between the 17°C toxicant exposed treatment of 15 and 32‰ S all four lines 
would be almost parallel, which indicates that the effect of salinity is relatively the same for all the 
treatments. The reason why the 25‰ S, 17°C, toxicant exposed treatment experienced a fecundity 
beyond the general trend of the results is unknown and may be an experimental artefact, but it may 
also be caused by the toxicant acting as an stimulator of fecundity under these particular 
experimental conditions.  
Marine copepods can endure salinity variations of several parts per thousand, but their 
tolerance for reproduction is usually quite narrow. A euryhaline marine component, as Acartia, 
resides near the mouth of local coast embayments, but well within the estuary reproduction is 
usually not sufficient to maintain populations [Jeffries, 1962]. Peck & Holste (2006) tested the egg 
production of a Baltic strain of A. tonsa under various salinities (6-30‰ S), and found the highest 
production at intermediate salinities (14 and 20‰ S) and reduced production at lower and higher 
salinities. Ambler (1986) found that for A. tonsa from the East Lagoon in Texas, salinity was 
inversely correlated with egg production from 30‰ S down to 10‰ S, but had less effect than 
temperature. It is interesting that the fecundity in my experiments, if excluding the 25‰ S, 17°C, 
toxicant exposed treatment, is the only effect-parameter without a peak at 25‰ S. Instead a general 
increase in fecundity as a result of increasing salinity was observed. This illustrates that concerning 
fecundity the organisms prefer the salinity they are accustomed to, thereby supporting the results of 
Jeffries (1962). It is difficult to assess whether temperature or salinity has the greatest effect upon 
fecundity in my experiments. The difference in fecundity between 17 and 22°C was greater than 
the difference between 15 and 25‰ S, and 25 and 32‰ S. However, in order to say which factor 
had the most pronounced effect a defined appreciation of the two in relative terms would be 
required. Both factors affect the reproductive output, and there is a significant interaction effect 
between them.  
The results of my experiments indicate that even though the copepods can tolerate and even 
thrive at other salinities, fecundity responds much more to salinity stress. The same may be the 
case when considering toxicant stress, because fecundity is also the only effect-parameter where 
the toxicant exposure alone appeared to provide a significant effect. The response pattern of 
fecundity towards both the salinity gradient and the toxicological stress deviated from the other 
effect-parameters. If fecundity had not been examined it would have been assumed that the 25‰ S 
was the generally most optimal salinity for A. tonsa, and that the toxicant in the tested 
concentration did not have any individual effect. This illustrates that there is a variation in response 
of the various effect-parameters. Depending on which parameter is examined the results can 
produce opposite trends and a subsequent risk assessment may end up with diverging conclusions. 
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 5.3.4 Population growth rate 
The calculated population growth rate (figure 5.8) was found to be both temperature and 
salinity dependent. For the two unexposed treatments the slopes of the population growth rate 
curves is almost identical, implying that salinity has the same effect independent of the 
temperature. The 17°C toxicant exposed treatment is also following this pattern with λ-values close 
to the other 17°C treatment. The curve for the toxicant exposed 22°C treatment follows a different 
pattern than the curves for the three other treatments, with an increase in population growth rate as 
a response to increasing salinity. This is also the curve that differentiates most from the others by 
having the lowest comparable λ-value at all three salinities, and especially at 25‰ S, a large gap to 
the nearest treatment can be observed. When remembering that for the 22°C treatment the exposure 
concentration was reduced during the exposure period it is interesting that this exact treatment 
experienced the lowest population growth rate. Possible explanations to this could be that the 
toxicant concentration was re-established when the media were renewed whereby the toxicant 
could exercise its effect, or that the pulsed exposure with higher exposure concentrations three 
times a week could be particularly stressful. A possible explanation for the increased toxic impact 
at elevated temperatures could be that increased temperature causes an increase in metabolic rate 
with a consequent increase in the concentration of toxic metabolites, which again can cause 
suppression of the organisms’ growth rate [Heugens et al., 2001]. This could especially be the case 
for the 15‰ S treatments where the metabolism would be further stressed by osmotic pressure as a 
result of suboptimal salinity. For the 32‰ S treatment, the rates of population growth are less 
variable, which may be a consequence of more optimal salinity conditions which enables the 
organism to react more tolerantly to temperature and toxicant stress. In the literature, intermediary 
salinities are cited as being more optimal for copepods, so it is not surprising to find the greatest 
population growth rate at 25‰ S. However, our strain of copepods has been reared at 32‰ S for 
generations and would be required to adjust to any other salinity. The copepods adjusted 
successfully in the two 17°C treatments and in the 22°C unexposed treatment and an increase in 
population growth rate was observed, possibly as a consequence of less effort being put into 
osmoregulatory mechanisms. For the toxicant exposed 25‰ S, 22°C treatment it may have been 
too much with all three stressors combined and the adjustment to the new salinity might not have 
been successful because the metabolism also had to adjust to the increase in temperature and 
toxicant exposure. 
The treatments at 17 and 22°C all have population growth rates above one, which indicates 
that the population under these conditions more than sustains itself. It was not possible to complete 
the life-cycle test for the 12°C treatments because the organisms did not survive until sexual 
maturity. In fact, this means that the population growth rate at 12°C would be zero and a 
population exposed to this temperature would go extinct. However, A. tonsa have the ability to 
produce benthic diapause eggs and through this mechanism over-winter when unfavourable 
conditions exist. It is a seasonal cycle where copepod abundance decline as water temperature 
decreases and females switch from producing subitaneous eggs to benthic diapause eggs. The 
resting or diapause eggs over-winter in the sediments until spring when they hatch as a response to 
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 increasing water temperature. [Arndt and Schnese, 1986; Bradford, 1976; Brylinski, 1981; Uye & 
Fleminger, 1976]. Arndt and Schnese (1986) reported that in the shallow Darss-Zingst estuary in 
the southern Baltic, temperatures above 15°C caused only subitaneous eggs to be produced, and 
below 10°C, only resting eggs were found. They argue that the ability to produce resting eggs, and 
the very high productivity of A. tonsa, should be considered as important reasons, for the high 
abundance of this species in the middle and outer parts of many shallow, warmer European 
estuaries [Arndt & Schnese, 1986].  
 
5.3.5 Comparison of the individual level effect-parameters 
For the effect-parameters: larval development ratio, early life-stage survival, juvenile 
survival, and fecundity, it was possible to perform a statistical test. For three of these effect-
parameters there were statistically significant interaction effects of salinity and temperature. The 
only exception is LDR for which, it could not be tested statistically, because there was a three-way 
interaction effect. But based on visual evaluation of the graph it appears as though there was an 
interaction effect of these two natural stress factors, which were expected based on the literature. 
Furthermore, it was confirmed by this ecotoxicological study that for A. tonsa salinity and 
temperature play a considerable regulatory role in controlling the distribution and the ecological 
niche of the species. The fecundity is the only effect-parameter that seemed to exhibit a 
pronounced toxicological effect. The three other effect-parameters showed a significant interaction 
effect of the toxicant and salinity (ELSS), toxicant and temperature (Sj), and toxicant, temperature 
and salinity (LDR). This could prove that fecundity is most sensitive towards toxicant exposure of 
the tested parameters, but also that there may still be consequences of the toxicological exposure, 
even though a toxicant does not appear to exhibit a direct effect.  
Barata et al. (2002) found that by including measurements on survival, egg production, and 
feeding rates of A. tonsa it was possible to derive a short-term test design (5 d) of similar sensitivity 
and ecological relevance as full life-table tests. They therefore argued that differences in the 
dominant ecotoxicological modes of action, either as survival or sublethal responses with potential 
long-term demographic effects, could be successfully assessed using this short-term test design. 
The results of my experiments with the greatest impact on fecundity do not contradict this. In fact, 
if fecundity was the only tested parameter a more conservative estimate of effect would be 
provided, rather than relying on any of the other life-history traits or integrating these into 
population growth rate. The LDR test performed in this thesis proved to be a quite sensitive 
indicator of stress to the organisms. Both the larval development ratio and the early life-stage 
survival exhibit significant effects of the various treatments, and a test of similar design would be 
applicable to chemical substances with hormonal effects because of the many important 
developmental processes occurring during the duration of this test. The effects on these two effect-
parameters are significantly greater than the effect on population growth rate. Consequently, using 
this test design would provide a more conservative assessment of effect. 
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 5.3.6 Individual level effects vs. population level effects 
The issue of whether or not population growth rate is more or less sensitive to toxic stress is 
of paramount importance when trying to assess the relationship between individual level effects 
and population level effects. In order to identify any relationship or pattern between individual 
level effects and effects at the population level it is relevant to compare the figures illustrating λ 
and the individual traits contributing to it.  
For the two treatments without toxicant exposure the lines are almost parallel for population 
growth rate, fecundity, juvenile survivorship and time to first reproduction (figures 5.8, 5.7, 5.4 and 
5.2, respectively). The 17°C toxicant exposed treatment also follows this pattern for λ, pj and tj. 
This indicates that salinity has a similar effect under the two tested temperatures for each parameter 
when there is no added toxicological stress. This relationship is somewhat weakened in the 17°C 
treatment with toxicant exposure and more severely affected at 22°C with toxicant exposure. This 
indicates that toxicological stress can impact established response patterns, which makes it difficult 
to make realistic predictions of the impact of toxic stress under various environmental conditions. 
The impact appears to be enhanced the further the value of the environmental variables are from 
“normal” conditions.  
When comparing the impact on individual level life-history traits and population growth rate 
it generally appears as if the treatments that affected the traits the least provided the highest 
population growth rate and the treatments behind the greatest impacts produced the lowest growth 
rate. This seems logical and was expected. If we consider the percentage impact on the individual 
trait under a given treatment as compared to the control, a measure of the size of the impact is 
provided (see table 5.5). When comparing these measures with the percentage impact the 
treatments had on the population growth rate, it is possible to estimate the difference in the 
conclusions an individual level toxicological test and a population level test would arrive at. When 
evaluating the results in table 5.5, it is obvious that the percentage impact determined based on 
individual level effects is in some cases far greater than the effect determined on population growth 
rate. These results are in agreement with the conclusions of Forbes et al. (2001a). They 
demonstrated both analytically and by simulation that for populations with λ-values close to one, 
protection limits based on individual life-history traits are lower than those based on λ. Forbes et 
al. (2001a) found this to indicate that extrapolation on the basis of individual life-history traits is 
conservative and should be protective of population level effects. However, it is important to 
emphasise that this is under the assumption of a steady-state population (λ = 1), and since the 
effects on λ depend on the starting value of λ and this seldom is known, it is problematic to rely 
exclusively on this. 
The greatest individual level impact was observed on fecundity (see table 5.5). A 77% 
reduction in reproductive output, observed for the toxicant exposed 22°C 15‰ S treatment, would 
be a reason for concern for regulators and risk managers. However, the effect on population growth 
rate was “only” 17%. Generally, the impact on fecundity and time to first reproduction was greater 
than the effect on population growth rate. The impact on juvenile survivorship was smaller, and the 
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 impact on adult survival fluctuated between being smaller and larger than the impact on population 
growth rate.  
Based on the observations of the experiments it can be argued that population growth rate 
provides a better, more ecologically relevant measure of effect because it integrates all the - at 
times diverging - individual level effects. This is of course if the model predictions are considered 
to be accurate. The model is a simplification of a long line of very complicated processes occurring 
during the life-cycle of a species, and as such it does not provide a true prediction of the future 
population size. Forbes and Calow (1999) concluded after reviewing the experimental literature, 
that population growth rate is a better measure of responses to toxicants than individual-level 
effects, because it integrates potentially complex interactions among life-history traits and provides 
a more relevant measure of ecological impact. In another analysis, Forbes and Calow (2002a) 
found that although the most sensitive individual level variables are likely to be equally or more 
sensitive than population growth rate, they are difficult to identify and, if they were to be identified, 
integrating impacts on key life-cycle variables via population growth rate analysis would still be a 
more robust approach for assessing the ecological risk of chemicals. It is important to emphasize 
that population models can only project the population dynamics and assume that the environment 
remains constant at the state under which the LTREs are conducted [Caswell, 1996a; 1996b]. 
Through the experimental design, I attempted to include the effects of the two natural occurring 
stress factors temperature and salinity, but in the natural environment many other stress factors of 
physical, chemical, and biotic origin would influence the population [Folt et al., 1999].  
Christoffersen et al. (2003) investigated the influence of linear alkylbenzene sulfonate on A. tonsa 
in a single species study under laboratory conditions and on Acartia sp. under natural conditions in 
a mesocosm. They found an increased sensitivity under natural conditions. Both biotic and abiotic 
natural stress factors have the ability to greatly influence the effects of toxicants in the 
environment. Furthermore, exposure to toxicants will never occur one substance at a time; instead 
organisms will typically be subject to a mixture of various chemical substances. Results of 
laboratory experiments will consequently always be simplifications compared to the processes that 
actually are taking place in the natural environment.  
 
5.3.7 Elasticity and decomposition 
Sensitivity and elasticity analysis can aid in identifying management targets, because changes 
in life-history traits with high sensitivity or elasticity will produce large changes in population 
growth rate [Caswell, 2000]. The life-history trait towards which the population growth rate was 
most sensitive was the juvenile survivorship. This parameter had a considerably larger effect than 
any of the other traits. Consequently, stressors that could impact the value of juvenile survivorship 
are of particular concern when assessing the possible impacts on the population level. The 
sensitivity of λ to changes in the life-history traits depend on the starting value of λ, the absolute 
values of the traits (i.e. the life-history type of the organism) and the relative responsiveness of the 
different traits to stress [Forbes et al., 2001b; Linke-Gamenick et al., 2000]. A fascinating point in 
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 the results obtained in this thesis is that even though the juvenile survivorship was relatively 
insensitive towards the various treatments (see table 5.5), it is the parameter which λ is the most 
sensitive towards. Time to first reproduction is the parameter that λ is second most sensitive 
towards, and the impact on this parameter was somewhat larger (0-15.4%). Furthermore, it is 
interesting to note that for the 22°C treatments the main contributor to differences between 
treatments and control was fecundity, and that there was a considerable percentage impact on this 
effect-parameter. However, fecundity is the parameter that λ was the least sensitive towards 
changes in. This can partly be explained by the relatively large difference in fecundity encountered 
between the two temperature treatments. Generally, for the 22°C treatments there is agreement 
between table 5.5 showing the percentage impact and the decomposition analysis. The life-history 
traits, which were the largest contributors, were also the traits exhibiting the greatest percentage 
impact as a response to the stressors. The assumption that large effects on life-history traits 
translate into large contributions to the effects on population growth rate is, however, not a general 
assumption in life-cycle experiments [Caswell, 1989b]. When assessing the results of the 
experiments performed at 17°C the pattern is distorted. For these experiments the contribution of 
the different life-history traits seems random and coincidental and these results do not necessarily 
coincide with the results in table 5.5. For the treatment without toxicant exposure at 15‰ S, the 
greatest impact was on fecundity and the smallest on juvenile survivorship, but the greatest 
contributor was juvenile survivorship, followed by time to first reproduction, and then fecundity.  
For the 15‰ S with toxicant exposure, fecundity was both the trait which was most impacted and 
had the greatest contribution to the difference in λ. For the other treatments at 17°C, there was no 
general pattern between the contribution and the impacted life-history traits. 
A possible explanation for the absence of any general trend that applies for all treatments in 
the decomposition analysis, and the difference in pattern between the two temperature regimes 
could be the difference in percentage impact (see to table 5.5). In the experiments carried out at 
17°C, there were quite small percentage impacts of the treatments, with the largest impacts being 
around 27% with one outlier of 54% (fecundity at 15‰ S with toxicant exposure). For the 
experiment conducted at 22°C, there were much larger impacts, especially on fecundity (36-77%). 
It is important to remember that the contribution and the percentage impact are calculated based on 
the differences between the treatment and the control, and since the control is performed at 17°C 
and 32‰ S, there will naturally be less of an impact on the treatments at this temperature or salinity 
than the other treatments. 
Although standard toxicity tests are conducted under constant and favourable experimental 
conditions, the results obtained here indicate that variable or suboptimal conditions may modify the 
outcome of toxicity tests. This is in agreement with the findings in a review of Heugens et al. 
(2001) who found that elevated temperatures were shown to increase toxicity of various classes of 
chemicals to aquatic organisms and that exposure to toxicants decreased thermal tolerance. 
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 5.3.8 The ecological niche of A. tonsa 
The results indicate that the ecological niche of A. tonsa in natural populations will be subject 
to seasonal variation because of the strong regulatory role temperature has on the growth rate. The 
variation in temperature that occurs in Danish waters causes a drastic shift in the copepods’ 
distribution, but because of the capacity for diapause egg production the population may be able to 
re-colonise even after a period of total absence from the water column. The present study was 
conducted under conditions where density-dependent influences on the organisms were expected to 
be minimal, and the consequent population growth rate positive. In the environment, natural 
populations are expected to be either at or near steady-state, and density-dependence would play a 
major role in population dynamics. Furthermore, the consequences of toxicant impacts on λ will 
vary depending on the starting value of λ, with λ = 1 being the critical threshold [Hansen et al., 
1999a]. Another process, which influences the total reproductive output of an individual organism 
and its consequent distribution, is predation on both eggs and individuals by other species and 
cannibalism [Beckman & Peterson, 1986]. Kiørboe et al. (1988) found that field estimates in 
Kattegat suggest that egg-mortality is highly variable and occasionally severe and that down to 10-4 
% of the eggs survive to hatching. Arndt and Schnese (1986) found for A. tonsa from the Darss-
Zingst estuary in the southern Baltic that of the individuals in the nauplius stage III an average of 
about 60% survived to N6, about 40% to C3, and about 30% to C5. Adult copepods survived on 
average 7 days in 1981 and 2.6 days in 1982. They further found that predators consume 50-100% 
of daily A. tonsa production [Arndt & Schnese, 1986]. In order to endure such high predation 
pressure the population growth rate would need to be considerably above one to ensure continuous 
abundance of A. tonsa, since only a small fraction of the individuals will reach the reproductive 
stage. Consequently, predictions made based on the population growth rate would underestimate 
effects on A. tonsa in the environment, because the considerable role of predation is not included in 
the estimates. The elasticity analysis revealed that the population growth rate was the most 
sensitive towards changes in juvenile survivorship. This could suggest that recruitment failure (for 
instance caused by competition or predation) would have a large impact on the population growth 
rate of A. tonsa. On the other hand, λ was much less sensitive towards changes in individual 
fecundity, implying that even considerable effects on fecundity will not have major effects on 
population growth rate. Increased sensitivity of nauplii compared to adults was found in this thesis, 
which supported the results of several authors. Tester & Turner (1991) speculated that even though 
adult A. tonsa are good osmoregulators, the distribution of the species might be a function of the 
physiology of the nauplii rather than the adult. 
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Figure 5.11. The niche space of A. tonsa with the boundaries of salinity and temperature. Drawn by Systat (vers. 11. 1) 
as a scatterplot 2D contour of the population growth rate as a function of salinity and temperature. Treatments without 
toxicant exposure (A) and treatments with toxicant exposure (B). The small circles are the data points. 
 
Figure 5.11 shows the niche space of A. tonsa as it can be drawn based on the results of the 
life-cycle experiment and subsequent integration in population growth rate. The lower limit of 
distribution or the edge of the copepods’ niche (λ = 1) considering temperature would be between 
12 and 17°C, and the figure predicts it to be around 15-16°C. It is not possible to precisely evaluate 
the upper limit of distribution based on the results of these experiments, but it is not as high for our 
strain of A. tonsa as reported in other articles and appears to be around 23°C. Considering the 
salinity limits of distribution, the upper limit will not be encountered in natural waters but the lower 
limit is positioned somewhere below 15‰ S. In the toxicant exposed treatment at 22°C, a 
considerably lower value of λ was determined compared to the unexposed one and the two 
treatments at 17°C (figure 5.8). This indicates that the population’s distribution and thereby the 
ecological niche can be changed depending on not only toxicant exposure, but also on the 
environmental conditions under which this toxic exposure occurs.  
The combined effect of toxic and natural stress factors was found to amplify the individual 
effect of the stressors, and the realised ecological niche of A. tonsa is likely to be diminished under 
toxicant exposure. Figure 5.11 indicates that interaction effects of natural and chemical stressors 
have the ability to shape and change the ecological niche of a species. Note how the niche of A. 
tonsa under toxicant exposure is more flat than the elliptical niche of the unexposed organisms. 
Furthermore, the population growth rate never reaches a value of 1.5 under toxicant exposed 
conditions. Given that I only examined the effect of two natural stressors on the niche, the actual 
realised niche of A. tonsa in the environment could be further diminished. 
5.3.9 Summary 
Throughout this discussion various aspects, characteristics and trends regarding the results 
have been evaluated and discussed. The main findings are listed below in order to shortly outline 
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 the conclusions of the ecotoxicological study that should be kept in mind, before proceeding to the 
general discussion of the risk assessment procedure. 
 
• Early life-stages were found to be more sensitive than adult copepods; 
 
• I found variable interaction effects on survival depending on the life-stage the survival 
was measured;  
 
• I found a variation in response of the various effect-parameters towards the same 
treatments, with fecundity being the most sensitive. Consequently, depending on which 
parameter is examined the results can produce opposite trends and a subsequent risk 
assessment may end up with diverging conclusions; 
 
• Toxicological stress can impact established response patterns, which makes it difficult to 
make realistic predictions of the impact of toxic stress under various environmental 
conditions. The impact appears to be enhanced the further the value of the environmental 
variables is from “normal” conditions; 
 
• The effect of environmental variables depends on the value of the variables to which the 
organism is accustomed, and on the properties of the substance in question. There is, 
however, no doubt that the effect of environmental variables upon toxicity can be 
substantial, and that environmental stressors should be accounted for when assessing the 
risk of chemicals in the environment; 
 
• The results indicate that toxicological stress can interact with environmental stress factors 
and produce significant effects through this interaction even under conditions where the 
individual effect of the toxicant can not be detected; 
 
• The results of the population growth rate indicate that the populations’ distribution and 
thereby the ecological niche can be changed depending on, not only toxicant exposure, 
but also on the environmental conditions under which this toxic exposure occurs. In other 
words interaction effects of natural and chemical stressors have the ability to shape and 
change the ecological niche of a species. 
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 6. Discussion 
In the following the three lines of evidence presented throughout this thesis, namely the 
evaluation of the risk assessment and the TGD, the scientific literature review, and the 
ecotoxicological study will be integrated in a general discussion. The discussion is based on the 
identified obstacles in EU risk assessment from chapter 3, and is divided into a section dealing with 
the more technical issues regarding the ecological relevance of the marine effects assessment 
procedure, and a section on various management issues. 
 
6.1 Ecological relevance of the marine effects assessment  
In the following the points of critique, identified in chapter 3 concerning the ecological 
relevance of the marine effects assessment procedure, are discussed in view of the published 
scientific literature and the results of the ecotoxicological study (chapter 5). Various aspects 
relating to the extrapolations in the TGD will be discussed. Additionally, mesocosms and 
population growth rate as ecologically relevant test designs will be evaluated. 
 
6.1.1 Extrapolations 
Many of the identified technical points of critique revolve around the considerable number of 
extrapolations which are made in the marine risk assessment procedure. The most common 
extrapolations performed are: from freshwater to marine organisms, laboratory to field, acute to 
chronic, and LOEC to NOEC. Some of the various extrapolations are discussed in the following, 
including the assessment factors, which are supposed to account for all the uncertainties associated 
with the extrapolations. 
 
Freshwater vs. marine vs. estuarine organisms 
Historically, the freshwater environment was considered to be the part of the hydrophere at 
greatest risk from chemical substances. Consequently, the primary focus of regulation, risk 
management and risk assessment was on the protection of freshwater species [Hutchinson et al., 
1998]. In the EU procedure for risk assessment of chemicals, the classification of toxicity is based 
on results from freshwater toxicity tests performed according to the TGD. When there is a concern 
for the marine environment the calculation of PNEC should ideally be based on data generated on 
saltwater species [EC, 2003b; Hutchinson et al., 1998]. However, since historically focus has been 
on the freshwater environment, there are for many substances only limited data for relevant marine 
and estuarine organisms [Hutchinson et al., 1998; Sverdrup et al., 2002]. Consequently, it is often 
necessary to assess risk on the basis of freshwater ecotoxicity data, but this raises the question of 
whether such an approach is scientifically valid?  
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 In order to avoid bias in the extrapolation from freshwater to marine ecosystems, freshwater 
and marine organisms must have equal sensitivity to the substance in question [Sverdrup et al., 
2002]. Species diversity is generally greater in marine waters compared to freshwaters, particularly 
the diversity of invertebrates, and many taxonomic groups are only found in marine waters [EC, 
2003b]. This is, however, not always the case. In more extreme environments, which exhibit 
different forms of stresses (e.g. low or variable salinity), there may be limited or reduced species 
diversity. In ecosystems with low species diversity, adverse impacts (e.g. pollution) can have 
devastating effects on the ecosystem, because of low functional redundancy. Whereas, high species 
diversity may result in wide sensitivity distributions and functional overlaps [EC, 2003b].  
The ecotoxicity data in the literature relating to effects of toxicants on marine and estuarine 
organisms is limited compared to data relating to effects on freshwater organisms. It would be 
beneficial to obtain additional data for these organisms. ECETOC (2001) performed a review of the 
available comparative literature on freshwater and marine organisms. They found that for the time 
being, data reviewed and current marine risk assessment practise suggest a reasonable correlation 
between the ecotoxicological responses of freshwater and saltwater biota, at least for the classical 
test species (i.e. fish, crustaceans and algae). ECETOC (2001) found no marked difference in 
sensitivity that applied systematically across all three trophic levels. They found that differences 
between trophic levels within each medium were generally as significant or even more marked, 
than the difference between comparable saltwater and freshwater species. When differences 
between comparable species from freshwater and marine biota were evaluated, the differences were 
consistently within a factor of 10 and usually somewhat less. Average differences in sensitivity for 
such paired species comparisons were typically within a factor of 2. This led ECETOC (2001) to 
recommend the use of pooled freshwater and seawater data, deriving PNEC based on the most 
sensitive result regardless of the medium. Sverdrup et al. (2002) studied the relative sensitivity of 
one of the most commonly applied invertebrate test organisms, Daphnia magna and the more 
rarely tested A. tonsa by testing the acute toxicity of 30 offshore chemicals. They found that for 
most of the chemicals (25 of 30) D. magna were less sensitive than A. tonsa by a factor greater than 
2. They concluded that this emphasises the importance of using marine data for environmental 
hazard classification and environmental risk assessment purposes. On the basis of the review of 
ECETOC and the single investigation of Sverdup et al. (2002) it is difficult to say anything definite 
about the sensitivity difference between freshwater and marine organisms. However, the possibility 
of a difference between the two types of organisms should be kept in mind when applying 
freshwater data in a marine risk assessment. Furthermore it suggests that the frequent application of 
D. magna as test organism may not provide the most sensitive and consequent conservative risk 
estimate. Considerations of other relevant test species is recommendable and in that connection A. 
tonsa appears to be a sensitive and relevant test species for assessing risks of chemicals to the 
marine environment. 
In recognition of the unknown sensitivity gradient between freshwater and marine organisms 
the TGD introduces higher assessment factors for the marine effects assessment than for the inland 
effects assessment. The European Scientific Committee on Toxicity, Ecotoxicity and the 
Environment (CSTEE) has been critical of the raising of the assessment factors as compared to the 
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 freshwater risk assessment. They recognise that there are more taxa in the marine environment as a 
whole, but they find that there is no evidence that 1) particular communities are consistently more 
diverse than those of freshwater and terrestrial ecosystems and 2) that there are any consistent 
differences in sensitivity between marine and other taxa. The CSTEE is therefore of the opinion 
that there are no scientific grounds for raising the application factor for marine systems in the 
situation where toxicity results only are available for algae, crustaceans and fish. However, they do 
think that the assessment factors should be kept under review and continuous revision as more 
information becomes available, and that if there is sound reasoning why different taxa should 
possess different sensitivities toward a certain chemical, this should require further testing on 
additional taxa [EC, 2002]. 
It might seem irrelevant to discuss whether or not freshwater data can be used instead of 
marine data when in fact there is such a large data gap as there is currently. However, when 
assessing chemicals in the future – for instance in connection with REACH - and producing new 
ecotoxicity data it is desirable to ensure that the data being produced are the most relevant for the 
particular purpose for which they are being used. When considering existing chemicals it may be 
practical to start with whatever data are available and, based on these, conclude if further testing is 
needed. However, if exposure of the marine compartment is to be predicted, some of the specific 
conditions pertinent to this compartment should be included in the assessment, and if further testing 
is required it should be directed at marine components. 
In addition to the debate questioning the adequacy of extrapolating between freshwater and 
marine organisms, another debate concerning whether organisms living in estuaries should be more 
sensitive to pollution than their marine relatives is also ongoing. Although some studies have 
considered the effects of a variety of toxicants on marine organisms, there are relatively few studies 
concerning estuarine species [Tedengren et al., 1988]. The estimation of effects of a certain 
pollutant on estuarine ecosystems has often been derived from experiments with marine organisms, 
which have been subjected to a combination of lowered salinity and toxicants, and generally not 
from comparative studies between estuarine organisms and their marine counterparts in their 
respective environments [Tedengren et al., 1988]. There are basically two main theories 
considering the sensitivity or tolerance of estuarine compared to marine species. The conventional 
theory states that animals living near to the limit of their tolerance range (i.e. the edge of their 
ecological niche) are more susceptible to stress. This means that since organisms living in estuaries 
already are stressed due to the fluctuating environment, they are expected to be less resistant than 
others to an additional stress factor such as chemical exposure. According to this argument, the 
stable environment of marine habitats with high species diversity and constant physical parameters 
would make marine habitats less susceptible to pollution. The opposite view is that the fluctuating 
environment in estuaries, with changes in salinity, temperature and oxygen levels, make the 
inhabitants highly adaptable and thereby more tolerant to stress [Jernelöv & Rosenberg, 1976; 
McLusky et al., 1986]. In the ecotoxicological study of this thesis combined stresses from 
suboptimal temperature and salinity and toxic stress were tested on the copepod A. tonsa. In the 
literature A. tonsa has been found to be highly tolerant toward salinity and temperature fluctuations 
and can as such, both be defined as a marine and an estuarine copepod depending on its origin.  
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 The ecotoxicological study of this thesis showed that toxicological stress altered the established 
response pattern of A. tonsa towards temperature and salinity. This effect was enhanced the further 
the value of the environmental variables was from the conditions to which the copepods were 
accustomed. Since no comparable tests were made on either freshwater or a true marine organism, 
it is difficult to assess the comparable sensitivity. However, the experiments do confirm that 
organisms living in stressful or extreme environments may experience profound interaction effects 
of anthropogenic and natural stress factors.  
 
Multiple stress factors  
Besides the problems related to the issues of extrapolation from freshwater to marine 
organisms, another element of scientific critique is that risk assessment and the resulting risk 
characterisation should be obtained according to standardised EU testing methods. However, 
considering how non-standardised and fluctuating the natural environment is, the ecological 
relevance of risk assessment procedures and methodologies may have been compromised in the 
process of developing procedures which are harmonised, reproducible, and inexpensive. Risk 
assessment procedures include toxicity tests during which organisms are subjected to toxicants 
under otherwise constant and favourable experimental conditions. But because variable and 
suboptimal environmental conditions are common aspects of natural ecosystems, the possibility of 
an underestimation of the actual risk arises. Responses of biota to environmental stressors are the 
integrated results of both direct and indirect processes which can be ultimately manifested as 
changes in abundance, diversity, and fitness of individuals, populations and communities [Adams, 
2005]. The results of the ecotoxicological study of this thesis indicate that the distribution of 
populations and thereby the ecological niche can be changed depending on, not only toxicant 
exposure, but also on the environmental conditions under which this toxic exposure occurs. In 
other words, interaction effects of natural and chemical stressors have the ability to alter the 
ecological niche of a species. This raises the question of whether the current procedure has an 
inherent capacity for seriously underestimating the risk in naturally fluctuating environments when 
considering that there are several natural stress factors, other than salinity and temperature, in the 
aquatic environment. If organisms are exposed to extremely stressful environmental conditions any 
additional toxic stress may be overruled. However, I found interaction effects of temperature, 
salinity and toxicant exposure even under conditions where the individual effect of the toxicant is 
absent - thereby exaggerating the effect of the individual stressors. This indicates that toxic stress 
cannot be disregarded even if organisms are exposed to extremely stressful conditions.  
Although toxic stress should not be ignored, it will be difficult to predict since the 
relationship between environmental factors and toxicants will not be constant in natural ecosystems 
because the environmental conditions, the toxicant concentration and the physiological state and 
metabolic needs of the organism will fluctuate in time. According to Folt et al. (1999), the nature 
of multiple interactions among stressors and the mechanisms underlying these are likely to be 
robust under more natural whole community conditions. They mention that it may be valuable to 
compare effects on different demographic parameters because this may be useful in predicting or 
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 interpreting population dynamics in stressed populations. This was also the intention of the 
ecotoxicological study of this thesis, which revealed that the impact of multiple stressors differed 
depending on the life-history trait examined and that the effect appeared to be ameliorated at the 
population level. Further research in this area is recommended, and life-cycle experiments and 
consequent demographic analyses provide a valuable tool for examining the influence of natural 
stress factors on toxicity.  
 
Few test species to ecosystems  
Another element of scientific critique identified in chapter 3 concerns the disagreement 
between the level of investigation in the laboratory and the level of organisation we really wish to 
protect. In the laboratory effects on a single or a few test species are tested, but in fact we are not 
interested in the fate of the individual but rather impacts on populations, communities and 
ecosystems. The TGD claims that risk assessment focuses on “the survival and well-being of 
species populations rather than an individual organism” [EC, 2003b; pp.135]. As far as I can tell 
this does not seem to be reflected in the test methods, which focus on single species individual- 
level tests. There are three possible reasons why the focus of ecotoxicology has been on individual 
survival as the most easily measurable parameter of organisms’ fitness. First, the methods were 
borrowed from mammalian toxicology, which is more concerned with the fate of individuals. 
Second, the higher level processes of macro-organisms have larger spatial requirements than what 
can usually be fulfilled in the laboratory. And third, organismal responses are generally more 
readily observed and more easily interpreted than population, community or ecosystem responses 
[Suter, 1993]. The predominant approach for establishing response patterns is the dose- or 
concentration response approach e.g. 96h LC50. The LC50 was chosen as the primary effect-
parameter as a consequence of it being the most statistically reliable estimate, because it has the 
narrowest 95% confidence interval. It was not chosen on the basis of ecological relevance 
[Newman & Dixon, 1996]. As the attention shifted from acute exposure and toxicity effects 
towards chronic effects, it became clear that the dose-response or time endpoint techniques were 
not the best way of predicting possible ecotoxicological effects [Newman & Dixon, 1996; Pratt & 
Cairns, 1996]. However, it seems that this scientific recognition has yet to be reflected in the TDG.   
Also the NOEC/NOEL approach has been criticised for being statistically unsound. The 
highest applied dose level below all statistical significant dose levels is used as NOEC. This is in 
fact the same as using the absence of a statistical significant effect as proof of no effect [van der 
Hoeven, 2004]. In addition the approach also has the limitation that the value of NOEC will 
increase if the experiments are conducted in a sloppy manner, or with less replicates leading to a 
lack of incentive to perform proper tests [van der Hoeven, 2004]. The power of statistical tests to 
detect certain differences in test subjects are not usually estimated [Pratt & Cairns, 1996]. Despite 
these deficiencies, the NOEC is still a very popular ecotoxicological measure because of its 
simplicity – it can be calculated for almost any toxicological experiment. Furthermore, the 
regulatory authorities are relieved of the burden of specifying which level of effect is acceptable 
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 when NOECs are applied, because it treats “no effect proven” as “proof of no effect” [van der 
Hoeven, 2004].  
Several assumptions underlie the simplistic nature of ecological risk assessment. Firstly, 
current extrapolation approaches select representatives from several important taxonomic groups 
(e.g. algae, invertebrates, fish) based on the assumption that members of the same taxonomic group 
will respond more similarly to toxicants than members of different taxonomic groups. Through the 
inclusion of a member from each taxonomic group, which is supposed to be equivalent to three 
trophic levels, it is expected that the range of variability in toxicant sensitivity within the 
community will be captured [Forbes et al., 2001b]. This approach, however, does not consider the 
relative numbers of species in each taxonomic group, which may mean that the sensitivity of the 
community as a whole is misrepresented. In addition, the taxonomic groups may include species 
that differ markedly in life-cycle type, which is not represented by the usual experimental 
organisms [Forbes et al., 2001b]. Secondly, the interaction of biological species with the test 
compound (biodegradation, biotransformation, etc.) is assumed to be minimal. Thirdly, apart from 
measurements of survival and growth on “ecological” organisms, the “ecology” of ecological risk 
assessment is negligible [Pratt & Cairns, 1996]. Because of the issues stated above serious doubts 
can be raised about the validity of the claims made in the TDG that risk assessment focuses on the 
survival and well-being of species populations rather than individual organisms. 
 
Assessment factors vs. species sensitivity distributions 
Effects on populations, communities, and ecosystems are rarely tested. Consequently, 
extrapolating effects of toxicants from a limited number of test species to ecosystems as a whole is 
an essential part of environmental risk assessment [Forbes et al., 2001b]. Inherent in the 
extrapolation procedure is the assumption that laboratory data can be used to protect populations of 
single species, which in turn can be applied to protect natural populations, communities and the 
ecosystems, even though most of the species in the ecosystems remains untested [Versteeg et al., 
1999]. However, it is highly unclear whether this assumption is valid. In practice, one of two 
approaches is generally applied when trying to extrapolate risk to natural populations, communities 
or ecosystems. One of these approaches is what I term the “assessment factor approach” and the 
other is based on species sensitivity distributions. Both approaches have limitations, which will be 
discussed in the following.  
 
The assessment factor approach 
Assessment factors are applied to the risk estimate as a management approach in order to 
account for the uncertainties associated with single species and laboratory ecotoxicological tests as 
predictors of community responses. But assessment factors are also used to reduce the overall 
probability of causing harm to the environment [Calow et al., 1997; Forbes et al., 2001a; 2001b, 
Forbes & Calow, 2002b; Versteeg et al., 1999]. The assessment factor approach has been criticised 
because it does not use all the available toxicity data, but only the most sensitive endpoint both 
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 concerning effect-parameters and species. As a consequence of this, the only outcome of including 
more data would be that the effect concentration is reduced, which does not provide any incentive 
for collecting additional data [Forbes & Calow, 2002b]. 
According to Chapman et al. (1998), the assessment factor approach is a conservative 
empirical approach, which has little or no relevance to the actual scientific uncertainty related to 
the risk assessment of a given chemical, but the approach should in theory reduce the probability of 
underestimating risks [Chapman et al., 1998]. As a consequence of available data often being 
insufficient to make accurate extrapolations from known to unknown conditions, the magnitude of 
the assessment factors is primarily a policy- and not a science-based decision, leaving it in the 
domain of risk managers and policy makers [Chapman et al., 1998]. Many assessment factors are 
estimates made almost three decades ago which were originally intended as useful rules of thumb 
at that time. They were not intended to be used indiscriminately but to be specified when actual 
data were unavailable. According to Chapman et al. (1998), the assessment factors are, even when 
based on data, almost always general rather than specific and frequently overly protective. As 
examples he mentions the principle of applying the value of the most sensitive effect-parameter 
and most sensitive test species [Chapman et al., 1998]. According to Chapman et al. (1998) 
uncertainty factors are often overprotective and he recommends that a factor of the maximum value 
of 10 are applied for individual extrapolations. However, the reasoning of Chapman et al. (1998) is 
problematic for a number of reasons. First, the single substance approach assessing one substance 
at the time does not consider multiple exposures, cumulative effects, or sensitive populations. 
Second, as long as these uncertainties are impossible to remove from the effects assessment it 
might be better to apply the - at times - conservative assessment factors. Third, if the factor of 10 
for each extrapolation is applied (acute to chronic, individual to population, freshwater to marine, 
laboratory to field), as Chapman et al. (1998) propose, then the product will be similar to the 
assessment factors of the TGD. Fourth, although Chapman et al. (1998) state that risk frequently is 
overestimated, they do not provide specific examples of risk assessments that have actually 
overestimated the risks of concrete chemicals in the past and all their arguments are kept in a 
general form. Furthermore, it is important to remember that underestimation of risks has occurred 
in the past, and unknown properties and effects of substances will most likely be revealed in the 
future - so it may be better to be safe than sorry [EEA, 2001]. 
 
Species sensitivity distributions 
Species sensitivity distribution is another extrapolation approach, where effects of chemicals 
from individual level responses in a few species are extrapolated to the effects on entire 
communities by fitting available ecotoxicological data to a statistical distribution. Distribution-
based extrapolation models can be used if chronic NOECs are available for a larger number of 
representative test species, at least four and preferably more species [Selck et al., 2002]. Based on 
the NOECs a particular species’ sensitivity distribution is assumed, and based on this, the 
maximum toxicant concentration likely to protect most (usually 95%) of the species in ecosystems 
is derived (i.e. PNEC) [Calow et al., 1997; van der Hoeven, 2004; Forbes et al., 2001a, 2001b; 
Forbes & Calow, 2002b]. The species sensitivity distribution approach makes more use of all 
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 available information on effects than the assessment factor approach, and as more data accumulate, 
the protection level should become more precise and not necessarily lower. Consequently, it has 
been advocated as a more objective and scientific procedure. Another advantage of this approach is 
that it defines the levels of protection in terms of likelihood of a certain percentage of species being 
protected. Thus providing a more quantitative estimate than the assessment factor approach in 
which the RQ makes no explicit connection with species protection [Forbes & Calow, 2002b]. 
However, species sensitivity distributions based on individual-level endpoints are likely to differ, 
potentially markedly from those based on population-level endpoints. Furthermore, the species 
used to provide the input for the distributions rarely reflect the actual distributions of life-cycle 
types in natural communities and ecosystems [Forbes & Calow, 2002a].  
Forbes & Calow (2002b) concluded that if community sensitivity distributions could be 
determined, it would provide a better estimate of an ecologically relevant effects threshold, and 
consequently be an improvement for risk assessment. However, they found that the distributions 
typically are based on random collections of species and endpoints, and if the approach should 
improve risk assessment there is a need to enhance how the theory is put into practise. Their survey 
of the literature revealed that, in spite of the potential advantages of this approach, it has often not 
fulfilled its potential. Often the sources of the uncertainties have been obscured during estimation 
of the distribution and its subsequent interpretation. Furthermore, the connection from laboratory 
derived sensitivity distributions to actual risk assessment targets is often not performed making the 
approach partly subjective [Forbes & Calow, 2002b]. 
Both the assessment factor and the species sensitivity distribution approaches can lead to 
statistically based risk assessments that recognise uncertainty in exposure and effect concentrations 
[Forbes & Calow, 2002b]. However, neither the assessment factor nor the species sensitivity 
distribution approach is optimal. The first is criticised for being too simple and for hiding 
uncertainties in the arbitrarily defined assessment factors, the second for questionable validity of 
underlying assumptions, e.g. the assumption of a particular species sensitivity distribution, which 
in fact is not derived from any known community [Calow et al., 1997; Forbes et al., 2001a; Selck 
et al., 2002]. Both approaches may give an incorrect estimate of risk, for different reasons and to 
different and/or inconsistent degrees. As a consequence of the difficulty associated with 
determining which approach provides the most realistic estimate, a precautionary tactic could be to 
use the method that leads to the most conservative protection level. An alternative recommendation 
is to use the assessment factor approach as a screening tool, and apply the species sensitivity 
distributions at higher tiers. However, this would presuppose that the assessment factor approach 
always would yield a more conservative estimate of risk than corresponding species sensitivity 
distributions. Otherwise chemicals could be “acquitted” in the first tier but “found guilty” of 
causing adverse effects at higher tiers [Forbes & Calow, 2002b]. Which approach gives the most 
conservative risk estimate depends on numerous assumptions, and the idea of applying them at 
different points in the tiered risk assessment does not seem reasonable in my mind. I would rather 
recommend the precautionary tactic of applying whichever approach produces the most 
conservative risk estimate in order to ensure the highest possible protection level.  
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 6.1.2 Mesocosms as ecologically relevant test designs 
The available data will often be decisive for which approach that is applied for assessing the 
risk of chemicals. As mentioned, it is necessary to have data for at least four and preferable more 
species to be able to construct a species sensitivity distribution. The assessment factor approach 
can, on the other hand, be applied even in the event that there only are data available for one 
species. When new data are to be produced other methods or test designs can be taken into 
consideration especially if the goal is to derive the most ecologically relevant effect-parameter. 
Mesocosms or microcosms can be applied as model ecosystems whereby the extrapolation gap 
from laboratory to the natural environment can be reduced. These multispecies toxicity tests enable 
observation of indirect effects of chemicals caused by interactions among species, and when 
performed under specific circumstances several environmental stressors can be included [Naito et 
al., 2003].  
Microcosms or laboratory studies on indirect effects have been limited, primarily because of 
the difficulties associated with reproducing higher levels of biological organisation within the 
constraints of a laboratory. Additionally, the predictive power of these microcosms is limited since 
natural ecosystem possesses significantly greater complexity [Preston, 2002; van Leeuwen, 1993b]. 
Thus, more complex assessments tools are necessary to simulate natural processes on higher levels 
of biological organisation and thereby make more realistic predictions. Experimental mesocosms in 
the form of in situ enclosures, where multiple species and trophic levels are allowed to interact 
under toxicant exposure, can produce valuable and relevant data. The advantage of this test design 
is that chronic, ecotoxicological effects on ecosystem function and structure, under natural 
conditions, including environmental stressors can be assessed [Preston, 2002]. However, 
mesocosms are expensive, complicated to design and interpret, and both demanding in terms of 
spatial requirements as well as work intensive [Naito et al., 2003]. Furthermore, mesocosms are 
difficult to replicate, repeat and reproduce and they therefore do not produce the scientific 
legitimacy which the risk assessment process requires. Additionally, mesocosms are virtually 
impossible to standardise and to establish cause-effect relationships for and there will be very 
limited control of the exposure concentration [van Leeuwen, 1995b].  
Ecologically relevant risk assessments entail appreciation of the complexity of natural 
ecosystems, their structure and function and realisation of the multiple mechanisms driving an 
ecosystem’s response to stress. Environmental managers and risk assessors needs tools and 
information they can apply readily and rapidly to a decision-making process [Preston, 2002]. 
Consequently, there has been a focus on tools targeting lower levels of biological organisation and 
that can produce rapid results. According to Preston (2002), there is a need for other endpoints that 
are better indicators of ecosystem level effects and he suggests population level studies. Population 
measures can readily be incorporated into ecological models, which greatly enhance the 
information that can be achieved in laboratory studies [Preston, 2002]. 
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 6.1.3 Population growth rate and LTREs as relevant test designs 
Population growth rate was chosen as an integrating effect-parameter in the ecotoxicological 
study of this thesis. The rationale behind the decision was that several studies have demonstrated 
the advantage of integrating demographic analyses into ecotoxicological investigations [Widarto et 
al., 2004]. In traditional ecotoxicological studies there is a general lack of ecologically relevant 
effect-parameters. The focus on acute short-term toxicity tests seriously restricts the applicability of 
the available ecotoxicological data. In order to fully comprehend the effects of toxic substances, 
chronic low-dose exposures should be applied and the endpoints should be of sublethal nature. 
LTREs fulfil these demands, covering early - possibly more sensitive - life-stages as well as adult 
parameters with reproduction being most important. The effect upon individual life-history traits 
can be compared and furthermore integrated into the population growth rate giving predictions of 
the observed impact’s effect at the population level. Furthermore, the population growth rate 
illustrates the niche of the experimental species under the given experimental conditions, 
expanding the ecological relevance of the LTREs. LTREs and subsequent integration into the 
population growth rate provide a more ecologically relevant effect measure than the traditional 
simple acute experiments but do not have the same level of realism as mesocosms. However, they 
can be more readily applied and do provide data that can be replicated, repeated and reproduced in 
contrast to mesocosms.  
In the ecotoxicological study the model toxicant was applied in an exposure concentration 
equivalent to an acute LOEC (EC10). However, the effect of the toxicant alone appeared to be 
significant on fecundity based on a visual evaluation, statistically significant on the larval 
development ratio in interaction with salinity and temperature, on early life stage survival in 
combination with salinity, and on juvenile survival in combination with temperature. This 
illustrates the inadequacy of acute short-term exposures in determining the full toxic capabilities of 
toxic substances. In addition, it supports the previous discussed issue of the inappropriateness of 
toxicity values determined under fixed temperature or salinity regimes in evaluating the effects of 
toxicants in natural ecosystems exposed to multiple stressors. The relationship between life-cycle 
traits and population dynamics is complex and varies as a function of life-cycle type and because of 
this, effects on λ cannot necessarily be predicted from effects on single, individual level endpoints 
[Calow et al., 1999; Hansen et al., 1999a; Hansen et al., 1999b; Forbes & Calow; 1999; Forbes et 
al., 2001a]. Population level consequences depend upon the starting value of λ, the extent to which 
other traits are impacted by the stress factor, and the life-history characteristics of the species under 
consideration. Consequently, demographic analysis can provide the “missing link” from individual 
level responses to population level consequences [Hansen et al., 1999b].  
It has been suggested to use population growth rate in risk assessment whereby the risk of 
extinction can be indicated based on a given exposure scenario. If λ is above one there is no risk of 
extinction, between 0.5 and 1 the risk is low, between 0.5 and 0 the risk is high. This is however an 
oversimplification of the actual risk because the risk of extinction will depend on other factors than 
what normally is measured in the laboratory. Calculating exact extinction probabilities can be 
complicated by effects of environmental and demographic stochasticity, inbreeding, genetic drift, 
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 etc. [Calow et al., 1997]. As described in the discussion of the results in chapter 5.3, the predation 
pressure on A. tonsa is extremely high in natural environments requiring the copepods to have a 
considerable population growth rate if they are to maintain their population. Predation, competition 
and density-dependence are exceptionally difficult to include in LTREs. However, it is important to 
remember that predictions made in the laboratory in the absence of these processes will 
overestimate the population’s actual growth rate and thereby the ecological niche in the 
environment. Although, I attempted to include some of the environmental stressors, natural 
populations of copepods will encounter, the experiments still represent a simplification of what will 
occur in the environment.  
The population growth rate has another interesting characteristic namely that it allows 
comparisons of the individual and population level effects. According to Hansen et al. (1999a) the 
relationship between individual level and population level responses to environmental and 
chemical stresses can take three forms, which are recaptured below.  Depending on this 
relationship the consequences for risk assessment would vary greatly;  
 
(i) The responsiveness of λ is less than the responsiveness of the most stress-responsive 
life-history trait. This could happen when traits with low sensitivity (towards λ) are 
the most responsive to stress or when diverging/compensating effects among 
individual traits occur e.g. when F is reduced and S increased yielding insignificant 
effect on λ. A risk assessment where the most stress-responsive trait was used as 
endpoint would provide the regulators with a PNEC lower than what is actually 
needed to protect the population as a whole. 
(ii) The responsiveness of λ is more than the responsiveness of the most stress-
responsive life-history trait. This could occur when there are minor, seemingly 
insignificant effects on more than one trait that combines to cause a significant 
reduction in λ. A risk assessment where the most stress-responsive trait was used as 
endpoint would provide the regulators with a PNEC not sufficiently low enough to 
protect the population as a whole. 
(iii) The responsiveness of λ ≈ the responsiveness of the most stress-responsive life-
history trait. A risk assessment where the most stress-responsive trait was used as 
endpoint would provide the regulators with a PNEC just sufficient to protect the 
population as a whole. 
 
Hansen et al. (1999a) mention that, it is unknown to what extent these potential relationships 
apply to natural populations. But if individual level endpoints continue to be applied in ecological 
risk assessment, it would be helpful to know in which situations predictions over- or underestimate 
ecological risks. The consequences of over-protection are mainly economical, whereas the cost of 
under-protection is mainly ecologically, with possible devastating, irreversible effects for 
ecosystems - which in the long run may prove to be economical. Both types of consequences are 
undesirable and should therefore be minimised [Calow & Forbes, 1999]. 
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 The results of the ecotoxicological study of this thesis take the form of the first relationship 
described by Hansen et al. (1999a) i.e. the impact on λ was less than the impact on fecundity, 
which was the life-history trait most greatly impacted (see table 5.5). The reason for this was that 
the elasticity of λ with regard to fecundity was lower than any of the other traits. The trait with the 
largest sensitivity (juvenile survivorship) was only slightly impacted compared to fecundity. In my 
study, the population growth rate analysis indicates that effects on the individual life-history trait of 
A. tonsa are ameliorated on the population level. Individual level endpoints have been shown in the 
literature to be equally or more sensitive to toxic stress than population growth rate [Forbes & 
Calow, 2002a]. However, it is important to remember that it is only valid to rely on individual level 
endpoints if one can be sure that it is the most sensitive effect-parameter that is measured. 
Consequently, a risk assessment based on the individual level life-history traits obtained in my 
experiments would adequately protect the population level, given that it is fecundity that is 
measured. Nevertheless, if any of the other traits were chosen as the single endpoint, there would 
be an underestimation of the risk. The sensitivity of effect-parameters varies across species as well 
as across chemicals, and it is consequently not possible to identify which will be the most general 
predictor. In addition, species differ in life-cycle types, meaning the identical effects on individual 
level can have vastly different consequences on population level, and different effects on individual 
level can have identical consequences on population level. Furthermore density-dependence and 
additional stressors may cloud the outcome, and predictions of likely outcomes are highly uncertain 
and even unreliable [Forbes & Calow, 2002a].  
 
6.1.4 Summary; the ecological relevance of the marine risk assessment 
The methods in the TGD do not improve the ecological relevance of the results obtained in 
the laboratory. They have rather served to enhance international harmonisation and standardisation 
of test procedures in order to avoid any barriers to trade, and at the same time protecting the 
environment somewhat from harm. The question is, however, if it at all is possible to include 
ecological relevant endpoints or toxicity tests in the risk assessment. The ecotoxicological study of 
this thesis illustrated that environmental stress factors have the capacity to modify the toxic 
response of an organism. The ecological relevance of the present assessment scheme was thereby 
questioned. Additionally, it illustrated the applicability of LTREs or life-cycle experiments, and the 
population growth rate as an ecological relevant effect endpoint.  
According to Schindler (1996) it is unrealistic to expect that complex ecosystem-level 
assessment, such as mesocosms, will ever become a part of routine ecotoxicological procedures. 
The infinite numbers of environmental stresses that should be monitored, the high cost and long 
duration of ecosystem-scale tests, and the problem of assessing various interactions such as 
synergisms or antagonisms will, at least for the foreseeable future, mean that predictions of 
ecosystem stress must rely on bioassays and monitoring at simpler scales. In some cases it may be 
possible to include LTREs and through integration obtain population level responses, but there are 
so many untested substances that inclusion of this in each risk assessment is probably an 
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 impossible task. LTREs could be recommendable for chemicals when the simpler tests provide 
inadequate answers of the risks and could be invoked on higher tiers. Through LTREs data which 
can be integrated into the population growth rate measure is produced, and consequent risk 
characterisation should be based on the most sensitive effects-parameter – either individual level 
growth, survival and reproduction or population growth rate. 
Another, more simple solution would be to attempt to include the variance in response 
between the various levels and the role of combined stressors through modelling or extrapolation, 
as the current procedure already does. However, uncertainties associated with both these 
approaches make the outcome’s validity questionable. Remembering that the whole objective of 
risk assessment is to provide a legitimate scientific foundation for any regulatory decision, it might 
not be an optimal solution to expand the number of uncertainties. However, it is important that 
decision-makers are at least aware of all the known uncertainties associated with the information 
on which they base their decisions, since ignoring uncertainty might lead to, not only ill-informed 
and misguided decisions, but also serious harm to both environment and human health, as several 
examples have shown in the past [EEA, 2001].  
 
6.2 Management obstacles 
There are few areas of applied science where the connection between science and policy is as 
difficult and complicated as in the area of risk management of chemicals. The difficulties and 
complications depend partly on the lack of data and information concerning individual substances, 
and partly on the extrapolations that are necessary in risk assessment, even in the relatively few 
cases where information is abundant and available [Rudén & Hansson, 2006]. 
In addition to the more technically founded points of critic in the risk assessment of 
chemicals, there are also some inherent difficulties associated with the overall risk analysis process. 
In the following I will discuss the standardisation of tests, lack of communication of uncertainties 
between assessors and decision-makers, lack of data and lack of implementation. Finally, I will 
touch upon REACH as a possible solution to ensuring that ecosystem function and structure are 
adequately protected from the vast amount of chemicals.  
 
6.2.1 Standardisation of tests in relation to environmental regulation 
The standardisation of environmental toxicity tests and related assessment protocols has been 
underway for more than twenty years. This development is not just concerned with technical 
improvements of tests, but is closely connected to the development of environmental regulation 
[Halffman, 1998]. According to Halffman (1998), it has been the “regulatory stakes” that has 
driven the standardisation in order to provide stakeholders in the regulatory context with useful 
legitimate instruments, rather than the scientific communities’ interest in the subject. In addition to 
the complications connected with environmental and biological variables, when attempting to 
assess risks of chemicals, the use of arbitrary decision criteria continuous to inhibit the ability to 
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 accurately assess the risks of chemical exposure. Standards and protocols are often the product of 
committee or workshop discussions. However, governmental directives and regulatory guidelines 
rarely include a justification of the exact decision criteria. According to Forbes & Forbes (1994), it 
is not uncommon that some critical values or reduction goals are based on numeric values, which 
easily can be remembered or measured. The rationale behind standardisation is formally to ensure 
the exchange of data with consequent reduction in the cost of assessments and abolishment of 
barriers to trade. Regulatory agencies in various countries can accept assessment carried out 
elsewhere when they are performed according to standardised test procedures.  
The problems associated with extrapolating laboratory data to field circumstances lie in the 
inherent inability to completely simulate all the environmental variables that may influence the 
response of the test organism to the test substance. This is however simultaneously the asset of 
laboratory studies and the weakness in laboratory replication of environmental variables. By 
keeping environmental conditions constant it is possible to investigate the intrinsic hazards of 
compounds [Chapman et al., 1998]. Furthermore, standardisation increases the certainty in 
estimating the possible hazardous property of substances and enables precise definition of the 
adverse effect concentration [Chapman, 2006]. However, this precision and certainty are only 
obtained because the property of the chemical is defined in relation to the very particular testing 
conditions. The conditions are, as described earlier and tested in the ecotoxicological study of this 
thesis, not representative of the conditions under which natural ecosystems will experience toxic 
exposure. Consequently, the tests may provide accurate results, but the relevance regarding the 
risks we are trying to assess is highly uncertain. 
 
6.2.2 Lack of communication between assessors and decision-makers 
In spite of the standardisation process, environmental risk assessment is never merely a 
straightforward scientific procedure. Regulatory experts are continuously stressing the importance 
of expert judgement, because no matter how stable or valid tests are, expert interpretation will 
frequently be necessary, for instance in assessing the applicability of the results or in deciding upon 
assessment factors. It is furthermore emphasised in the TGD that expert judgement should be 
applied when necessary [EC, 2003b]. The intention with standardised laboratory test procedures is 
not to predict the effect of the chemical substance in the complex environment, but rather to 
evaluate the inherent isolated toxic capacity of the substance in question [Chapman, 2006]. 
However, the intention with laboratory derived effect measures seems to be forgotten somewhere 
in the process from the toxicity studies to the risk assessment and management phases. As this 
thesis has confirmed, the standardised approaches dictated by the TGD do not provide an 
ecological relevant estimate of the effect of a given substance in natural ecosystems. The 
standardised ecotoxicological effect measurements undergo extrapolation in order to become more 
ecologically valid and protect the environment in general terms. Problems associated with the 
various extrapolation methods were discussed in the previous sections of this chapter.  
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 The risk assessors use the toxicity data obtained through the standardised tests discussed 
above to derive PNECs, which are supposed to be protective under the conditions of the 
environment. Consequently, the RQ is estimated based on the obtained PNEC and the PEC and all 
their associated uncertainty. The risk managers are presented for the RQ and asked to make 
decision based on this estimate of risk, but the question is whether the uncertainties associated with 
the risk characterisation are made explicit and clear? The exposure assessment is actually the most 
uncertain part of the risk assessment and the part possesing the most unscientific nature [Chapman, 
2006]. However, the EU has chosen to have a risk-based regulatory system compared to a hazard-
based system. In a hazard-based system only the inherent capabilities of the substances to cause 
harm would form the basis for regulatory decision-making. In risk-based regulation emphasis is put 
on not only on the inherent capabilities of a given substance to cause harm i.e. the hazard, but also 
an estimate of the level of environmental exposure. It can be questioned if some substances may 
possess such hazardous properties that they are undesirable no matter what the exposure may be. 
Especially when considering that the exposure assessment is highly uncertain. 
The stringent separation of risk assessment and risk management advocated by the EU 
Commission remains a controversial subject. Even before the EU Commission implemented this 
practice, Silbergeld (1991) argued that the separation creates problems that interfere with the 
recognition and resolution of both scientific and trans-scientific issues in environmental policy-
making. In her opinion, allowing policy and scientific judgement to interact in order to resolve 
unavoidable uncertainties in the decision-making process, thereby acknowledging the limits of risk 
assessment methods would serve both science and policy better [Silbergeld, 1991]. Risk 
assessment is not an objective science, which is illustrated by the fact that scientific risk 
assessments often differ substantially. For instance in EU risk assessment exercise, 11 different risk 
assessment groups came up with 11 different conclusions that differed markedly [Contini et al., 
1991]. This led the authors to the general conclusion that the numerous assumptions introduced at 
the different steps in the risk analysis had pronounced effect on the outcome of the analysis 
[Tickner, 2001]. Many of these assumptions are not of a purely scientific nature, but have a socio-
political dimension. Despite of this, many of these assumptions are not made transparent in the 
final risk assessment [Hansson & Rudén, 2006]. Hence, in order for the decision-maker to gain 
knowledge about these assumptions it would require that the decision-maker is involved in the risk 
assessment phase of risk analysis, or, alternatively, that the decision-maker has an in-depth insight 
to the uncertainties associated with the risk estimates and consequently can make informed 
decisions. 
It is consequently extremely important that risk assessors are transparent when doing the risk 
assessments and providing decision support. According to Forbes & Calow (2002b), a transparent 
risk assessment entails that: “1) the quality of the input data can be easily assessed by an 
independent evaluator of the risk assessment (i.e. the risk assessors should provide explicit quality 
criteria used in data selection), 2) all assumptions and decisions are clearly stated and justified 
(whether these are based on scientific evidence or are policy decisions), and 3) conclusions drawn 
represent a precise and accurate interpretation of the analysis” [Forbes & Calow, 2002b; pp. 475]. 
Transparency is also important in relation to the broader societal debate. Societal debate on risk 
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 assessment frequently involves discussions about the magnitude of risks, and not just how these 
risks should be valued. Regulatory decision-making is often questioned in every aspect even 
though it attempts to radically isolate the scientific issues from the political debate [Halffman, 
1998]. In the frequent cases where data and knowledge is uncertain or ambiguous, facts alone are 
not sufficient to promote a regulatory decision. The decision will inevitably include a mixture of 
scientific and policy considerations, and the decision-makers are compelled to look beyond science 
to legitimate their preferred interpretation of the evidence [Jasanoff, 1991]. Science has been 
invested in the regulatory process with the aim of providing an impartial source of facts upon 
which policy decision can be based. Rather than being based on values, the decisions should stem 
from rational considerations of the facts [Krayer von Kraus, 2005]. The question is, however, if this 
actually is accomplished? 
 
6.2.3 Lack of data 
There is currently a large gap in the knowledge about the properties and the uses of existing 
substances. The risk assessment process and the subsequent risk management process are slow and 
resource intensive, and prevent efficient and effective control of the use and production of 
chemicals in the EU. Final risk assessments have therefore only been completed for a small number 
of substances (only 71 of 141 priority existing substances).  The role of industry and regulatory 
authorities and the connected responsibilities is inappropriate because it is the regulatory 
authorities that are responsible for the risk assessment instead of the chemical industry, who are 
actually the ones marketing these substances without safety testing and who are the ones making 
the primary profits. Furthermore, the current legislation only requires the manufacturers and 
importers of substances to provide basic data and information, but not the downstream users i.e. 
industrial users and formulators [EC, 2001]. Consequently, it can be difficult to obtain knowledge 
and information concerning the exposure arising from downstream uses of the chemical substances 
along the life-cycle of a given substance. Decisions requiring further testing of substances can only 
be reached through a lengthy committee procedure, and can only be requested from industry after 
the competent authority has proven that a substance may present a serious risk. Without test results, 
however, it is almost impossible to provide such proof.  
The hope is that REACH will solve these two main hurdles by providing a minimum data 
availability for all substances and shifting the burden of proof from authorities to industry [EC, 
2006a]. The envisaged risk assessment under REACH will be undertaken mainly by applying 
existing methodologies. This means that the TGD still will form the foundation of the risk 
assessment, and current technical problems and uncertainties will continue to play a major role. 
The multiple uncertainties in chemicals risk assessment mean that the risk assessment conclusions 
can be attacked for both overestimating and underestimating the actual risk. The general lack of 
information and data, application of the most sensitive species, assessment factors, and the use of 
worst-case assumptions could mean that the risk is overestimated. On the other hand, the vast 
amount of simplifications and uncertainties could mean that the risk is underestimated. 
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 Consequently, even in the comparatively few cases where there is a considerable amount of data on 
a chemical there may be little consensus regarding what the actual risk is. According to Chapman 
(2006) the effect of all this uncertainty is generally the continued production and use of possible 
harmful chemicals.  The chemicals are given the benefit of the doubt because regulations require 
that there must be at least a degree of scientific consensus for restrictions to be imposed on industry 
[Chapman, 2006]. Lack of data or absence of evidence of harm is interpreted as evidence of 
absence of harm, which is highly problematic [Altman and Bland, 1995].  
Although the lack of data is a legitimate concern, the general outcry for more data and 
information on chemical substances appears to be made under the assumption that more data will 
eventually solve the current lack of knowledge and connected standstill of regulatory actions and 
measurements. However, it is unclear whether this assumption is indeed valid, because even in the 
rare cases where adequate information has been available in the past or was made available 
throughout the process of assessing the priority existing substances, this has not necessarily led to 
enhanced regulatory actions - as the lack of implementation of risk reducing measure will illustrate 
in the following. 
 
6.2.4 Lack of implementation of risk reducing measures  
The EU legislative framework provides provisions to the risk assessment procedure and 
certain of the risk management aspects including the agreement on a risk reducing strategy. Under 
Directive 76/769 on restriction of marketing and use of chemical substances, the Commission is 
responsible of conducting risk assessments and adequate analyses of costs and benefits prior to any 
proposal or adoption of a regulatory measure affecting the chemical industry. Indications of 
unacceptable risk, which typically arise from notifications of restrictions at national level, are the 
subject of reports, which are peer-reviewed by CSTEE [EC, 2001]. When a risk reducing strategy 
finally has been agreed upon by the Committee, it is up to the individual Member States to 
implement the strategy in their national legislative frameworks. In all, risk reducing strategies for 
29 substances have been published [EC, 2006b; 2006c; ECB, 2006a], and according to van Haelst 
(2006) another Official Journal of the European Communities will hopefully be published in the 
beginning of next year with risk reducing measure for additional 10 substances.  
When consulting a list of actions taken by the European Commission (2006c), Member States 
and industry, it is not particular impressive to see how the recommended actions have been 
implemented. On Community level, the Commission has only taken actions in a few cases. On 
Member States level only a few states have implemented any risk reducing measures, and most 
often it is Sweden, Norway, Finland and Poland (and in a few cases, the Netherlands, Denmark, 
Germany, Austria). The risk reducing actions are often associated with reducing risks for workers, 
consumers or other health related issues, and only seldom are the environmental recommendations 
implemented. Often the risk reducing measures consist of establishing an Occupational Exposure 
Limit (OEL). Industry has not acted on most of the recommendation but in some cases they have 
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 changes procedures in order to reduce exposures to workers. When the environmental 
recommendations are considered it mostly involves restrictions on marketing and use [EC, 2006c].  
Considering that this is the result of 13 years of risk assessment of existing priority 
substances, it does not shed a particular positive light on the future of risk assessment of chemicals. 
The process is far too slow (only 71 of 141 priority substances have been fully assess) and when a 
common conclusion finally agreed upon (after negotiations, discussions, etc.) it has to be published 
in the Official Journal of the European Communities before getting effectuated. Finally, the 
Member States have to adopt mitigating measures and instruments for controlling the chemical and 
minimising the risk to the environment and human health. It usually takes several years from initial 
priority setting until formulation of risk reducing strategies and an EU-wide directive mandating 
restrictions. One particular problem is, according to Ahlers (1999), that industry in most cases 
submits the necessary information little by little, and only when the worst-case scenarios show 
need for regulation. Every time new information becomes available it is necessary to carry out 
comprehensive revisions, thereby slowing down the process. Furthermore there is a widespread 
lack of knowledge about emissions and consequent exposure to the environment, which is the 
result of incomplete knowledge about down-stream uses and applications of substances [Ahlers, 
1999]. As mentioned earlier, there are 100,000 registered chemicals on the EU market and 
estimates suggest that between 30,000-70,000 of these chemicals actually are commercially used. 
Consequently, it seems as an impossible task to ever gain control and insight into their properties. 
This is actually the rationale behind REACH, which was designed to be an integrated 
approach to the control of the production, import and use of chemicals in Europe. The intention 
was to create a system based on information about chemicals, rather than recognised ignorance.  
 
6.2.5 REACH - the illusion of a solution? 
The objective of REACH can be summarised in three main goals: 1) improved knowledge 
about the properties and the uses of individual chemical substances, 2) increased speed and 
efficiency of the risk assessment process, and 3) making producers and importers of chemicals 
responsible for this process [EC, 2001; Rudén & Hansson, 2006]. The overall intention of REACH 
is to improve protection of human health and the environment from the risks of chemicals while 
enhancing the competitiveness of the EU chemicals industry [EC, 2006a]. In order to assess and 
manage chemicals in a reasonable manner it is a necessity that accurate information concerning the 
nature and magnitude of potential adverse effects is available. REACH may lead to increased 
availability of such information, but not to the extent needed to achieve a sound scientific basis for 
risk assessment. According to Rudén & Hansson (2006), the major limitation in REACH is the use 
of the production volume as a priority criterion and the subsequent insufficient data requirement for 
low-volume substances. The production volume does not necessarily predict exposure, and even if 
there is a correlation between production volume and exposure, it is not certain that there will be a 
correlation between production volume and risk [Rudén & Hansson, 2006]. Furthermore, the 
production volume criteria applies for each producer per year, meaning that the actual total 
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 production volume can be substantial but only low level tests are needed because the production is 
divided on numerous producers or subsidiaries. It is questionable if the key political objective of 
REACH can be obtained if the production volume criteria are maintained and not revised, given 
time. REACH is an uneven combination of comparatively stricter and less restrictive regulation 
than the current legislation framework reflecting the long controversial co-decision procedure 
behind REACH. Apart from the production volume criteria, and the insufficient data requirement 
for the vast number of low production substances, the continuous strict separation of the 
management and assessment part of risk analysis is in my mind the main hurdle in order for 
REACH to make a difference and enhance the protection of human health and the environment. 
The traditional tiered approach of risk assessment, which continuously will be applied under 
REACH, initiates with comparatively simple and inexpensive investigations on substances. Based 
on the results of these simple initial investigations, substances for further and more extensive 
testing are selected (figure 6.1A). It is not before the highest tier is reached, and it has been 
thoroughly shown that the substance in question can cause adverse effects that any risk 
management decision can be made. I would support the proposal made by Rudén & Hansson 
(2006) to fuse this approach with the science-based precautionary approach, where initial simple 
testing is performed in order to select for preliminary precautionary measures. The combined 
approach would entail that risk management decisions could be made at each tier of the assessment 
system (figure 6.1B). Thereby, assuring that adverse effects are not allowed to continue 
unregulated until it has been firmly established by the lengthy risk assessment procedure that the 
substance in fact - as implied at the first tier - causes adverse effects. The risk management 
measures decided upon in this stepwise approach should be adjusted both to known adverse effects, 
new scientific evidence provided by industry and to the scientific uncertainty in the database. When 
new information becomes available on the risk of a given substances the risk management decision 
can be adjusted thereafter. 
 
A B
Figure 6.1. The traditional tired approach (A) and the suggested new combined approach where risk management 
decisions can be made at each tier (B). From Rudén & Hansson (2006). 
 
 100 
 6.2.6 Summary; management obstacles 
The standardisation of environmental toxicity tests has been performed in order to assure 
scientific legitimacy in the effects assessment. These tests provide repeatable and reproducible 
results but do not represent the conditions under which organisms will be exposed in the 
environment. Consequently, the relevance regarding the risks we are trying to assess is highly 
uncertain. It is important to be transparent of all the uncertainties associated with risk assessment 
because risk assessment is carried out for regulatory purposes. In my opinion, there is a need for 
informed decision-makers that base their decisions on the scientific information available, knowing 
its limitations and uncertainties, and including values and stakeholders views when making their 
decisions.  
Additionally, there is a need for relaxing the strict separation of risk assessment and risk 
management, realising that many of the decisions or assumptions made in the assessment phase 
may stem from expert judgement that can never be totally objective. The rationale behind such 
assumptions needs to be made explicit and clear and the risk characterisation needs to be associated 
with the inherent uncertainties, ensuring that the decision-maker is aware of all the shortcomings of 
the assessed risk of a given chemical substance. Furthermore, risk management decisions should be 
made at each tier of the risk assessment system, so that implementation of risk reducing measures 
and the assessment of risks are integrated concurrently on an equal basis in the risk analysis 
process in the EU. 
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 7. Conclusion 
The current marine risk assessment procedure with the standardised methods of the TGD 
does not provide an ecologically realistic risk estimate. The standardisation process has served to 
enhance international harmonisation in order to avoid barriers to trade and to ensure a scientific 
legitimacy in the regulatory decision-making. The standardised tests provide reliable, repeatable 
and reproducible results in relation to the very particular testing conditions. These conditions are 
however not representative of natural ecosystems and consequently their relevance to the risks we 
are trying to assess is highly uncertain.  
The ecotoxicological study of this thesis illustrated that environmental stress factors have the 
capacity to modify the toxic response of an organism. The results indicate that toxicological stress 
can interact with environmental stress factors and produce significant effects through this 
interaction, even under conditions in which effect of the toxicant alone cannot be detected. The 
experiments show that the responses of organisms to toxic chemicals depend on the values of 
environmental factors in relation to the organism’s fitness optima. Furthermore, the population 
growth rate was found to be an ecologically relevant effect-parameter when applied as a substitute 
measure for the model organisms’ ecological niche. The results of the population growth rate 
analyses indicate that interactions between natural and chemical stressors have the ability to alter 
the ecological niche of a species and potentially the species’ distribution.  
In order to improve risk assessment of chemicals and assure that ecosystem function and 
structure are adequately protected from the vast amount of chemicals currently in use, it is 
important to consider interactions between chemical- and natural stressors and the modifying 
influence these may have on each other. Further research in this area is recommended and life-
cycle experiments and demographic analyses would provide a valuable tool for examining the 
modifying influence of natural stress factors on toxicity. 
It is important that decision-makers are made aware of the shortcomings of the risk 
assessment procedure and the inherent uncertainties associated with the risk estimates in order to 
make informed decisions that take the limitations and uncertainties into account. The strict 
separation of risk assessment and risk management should be relaxed allowing risk management 
decisions to be made at each tier of the risk assessment system, thereby ensuring a higher level of 
protection for human health and the environment. 
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 9. Abbreviations  
 
CSTEE - Scientific Committee on Toxicology, Ecotoxicology and Environment  
DG - Directorate General 
EC - European Commission 
ECB  - European Chemicals Bureau 
ECETOC - European Centre for Ecotoxicology and Toxicology of Chemicals 
EC50  - 50% Effect Concentration 
EEA - European Environmental Agency 
EINECS - European Inventory of Existing Commercial Chemical Substances 
EP - European Parliament 
EU  - European Union 
IPCS - International Programme on Chemical Safety 
LC50 - 50% Lethal Concentration 
LOEC  - Lowest Observed Effect Concentration 
LTRE  - Life-Table Response Experiments 
MEC - Measured Environmental Concentration 
NGOs - Non Governmental Organisations 
NOEC  - No Observed Effect Concentration 
NOEL  - No Observed Effect Level 
OECD - Organisation of Economic Co-operation and Development 
OEL - Occupational Exposure Limit 
OJ  - Official Journal of the European Union 
OSPAR - Oslo-Paris Commission for the Protection of the Marine Environment of the 
North-East Atlantic  
PBT - Persistent, Bioaccumulable and Toxic  
PNEC  - Predicted No Effect Concentration 
PEC  - Predicted Environmental Concentration 
REACH  - Registration, Evaluation and Authorisation of CHemicals  
TGD  - Technical Guidance Document 
3,5-DCP - 3,5-dichlorophenol 
UNCED - United Nations Conference on Environment and Development 
WHO - World Health Organisation 
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Appendix 1 
 
Culture of A. tonsa 
The culture originates from the Danish Institute for Fisheries Research, Charlottenlund, 
Denmark (DFU). The strain of A. tonsa Dana were originally isolated from net samples collected 
in 1981 in the Sound between Denmark and Sweden [Støttrup et al., 1986]. The method of 
cultivation utilized in the current thesis is based on experience with the original culture from 
DFU [Støttrup et al., 1986] and the guideline DS/ISO 14669 (1999).  
The copepods were cultured in GF/F glass fibre filtered (all particles >0.2 μm removed) 
seawater from the National Environmental Research Institute, Denmark (DMU) with a salinity of 
32‰, maintained at 17°C ± 2°C in a temperature controlled room. Stock cultures were 
maintained in 11 l plastic aquaria in constant darkness. The choice of keeping the culture in 
darkness was based on a literature review, which revealed that diel feeding rhythms have been 
observed in A. tonsa, where food ingestion is maximal during the night [Cervetto et al., 1993; 
Durbin et al., 1990, Stearns et al., 1989]. Maximal food ingestion optimises the production of 
eggs and ensures a rapidly growing and content culture of A. tonsa. Furthermore, unwanted algae 
growth in the aquaria was sought prevented by inhibiting the photosynthesis of the algae through 
darkness. Aeration was provided centrally, near the bottom of the vessel, via glass rod pipettes 
with a diameter of 1.5 mm, connected to air tubes and controlled to give a small bubble of air 
once per second [DS/ISO 14669, 1999; Kusk & Wollenberger, 1999]. This provided gentle 
circulation and keept the algal food in suspension. The animals were separated by filtration in 
various mesh sizes in a naupliar and an adult aquarium to avoid cannibalism by the adults on the 
eggs and nauplii and also to ensure similar aged copepods for the experiments. The aquaria were 
cleaned every day by siphoning the bottom. The subsequent filtration of the water ensured 
harvesting of eggs. After siphoning the copepods were fed daily in surplus with a diet of 
Rhodomonas salina to ensure that the food ingestion was not a limiting factor for the copepods 
egg production. Consequently, approximately 200 ml of well-concentrated algae was added to 
the adult aquarium and 150 ml to the naupliar aquarium.  
Appendix 2 
 
Culture of Rhodomonas salina 
The culture originates from DFU, but was cultivated at RUC for several generations prior 
to the experiments. The method of cultivation utilized was based on experience both from DFU, 
where R. salina have been cultivated for the last 20 years, and experience from RUC on both this 
strain and other strains of R. salina during the last couple of years.  
R. salina was cultivated at 17°C ± 2°C in a temperature controlled room under constant light 
with an intensity of 165 ± 5 μE s-1 m-2. The algae were cultivated in round-bottomed glass 
vessels with a rubber or plastic plug in the top. Filtered air was added in surplus to the culture by 
a glass rod pipette connected to air tubes. The glass pipettes penetrated the plug and provided 
aeration centrally near the bottom of the vessels, which in combination with the surplus air 
helped to keep the algae in suspension. The algae were cultivated in GF/F filtered seawater from 
DMU with a salinity of 32‰, which was autoclaved before use. The seawater was supplemented 
with the necessary vitamins and nutrients (B1-media). The B1-media was made based on 
DS/ISO 14669 (1999), by adding 1.0 ml of solution A and 0.1 ml of solution C to 1 l of filtered 
seawater. 
.  
 B1-media:  
Solution A : Ion solution 
Na2EDTA • 2H2O  4.5 g 
NaNO3 100.00 g 
H3BO3 33.60 g 
NaH2PO4 • 2H2O  20.00 g 
MnCl2 • 4H2O 0.36 g 
FeCl3 • 6H2O 1.30 g 
Trace metal solution (solution B) 1.00 ml 
Distilled water to 1 litre 
Solution B : Trace metal solution (for preparation of solution A) 
ZnCl2 2.10 g 
CoCl2 • 6 H2O 2.00 g 
(NH4)6Mo7024 • 4H2O 0.90 g 
CuSO4 • 5H2O 2.00 g 
Distilled water to 100 ml 
(acidify gradually with 0.1 mol/l HCL until the solution is clear 
Solution C : Vitamin solution 
Vitamin B1 (thiamid dichlorid) 200.00 mg 
Vitamin B12 (cyanocobalamin) 10.00 mg 
Vitamin H (biotin) 50.00 mg 
Distilled water to 100 ml 
 From DS/ISO 14669 (1999). 
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The development and life-cycle test with A. tonsa 
 
 
 
 
LDR test 
 
 Cohort exposure  
 
Egg production test 
Adapted from Kusk & Wollenberger (2005) 
